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A story about a tiny bird in the big city 
This section is a summary intended for a lay audience and, therefore, I have 
written it in a narrative style to make it broadly engaging. I include this 
section to fulfil the request of a key grant provider for my project, Dr Bill 
Holsworth. I met Bill at a conference in 2016 about climate change and 
biodiversity and he implored me, in the first instance, to finish my thesis 
and, in the second instance, to write a summary that teenagers could 
understand. In the youth of today lie the solutions of tomorrow.  
What does it mean to be a tiny bird in the big city? 
Well, if you’re an Eastern Yellow Robin, it means there’s lots of bad guys 
to avoid, food and shelter are scarce, your living space is getting smaller, 
and sometimes you become so imprisoned in your patch you can’t leave 
home to find a member of the opposite sex (that’s not your sibling!) to mate 
with. 
Truly, it’s a tough life for a bird in the city. And, that’s backed by science. 
For the last while (I’d rather not say how long!), I’ve been investigating the 
effects of urbanisation on yellow robins; those spunky little creatures that 
you might expect to see flitting around and pouncing on grubs in the 
undergrowth of the Dandenong Ranges, especially if you happen to have 
kicked up a bit of leaf litter. 
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I’ve focused on how urbanisation fragments and degrades yellow robins’ 
habitat, who are usually forest dwellers. I have also examined the genetic 
consequences of urban fragmentation. 
Urbanisation is likely to be one of the biggest contemporary challenges for 
biodiversity conservation. As we transform entire landscapes into 
environments ideal for a single species (humans!), we threaten the existence 
of many others. 
I’ve used a mix of field surveys and genetic techniques to delve in to an in-
depth study on the effects of urbanisation on a single species. Genetic data 
compliments field data, by enabling us to make inferences about whether 
fragmented populations are likely to go extinct (because of the harmful 
effects of in-breeding). 
I spent almost three years loitering (ahem!) surveying robins in the various 
bits of fragmented forest on public land, right across the urban sprawl of 
eastern Melbourne, from Shepherds Bush in Glen Waverly, to Kinglake 
National Park in the north-east. 
I had a few sites in the Dandenong Ranges National Park, including just near 
the 1,000 steps. There’s plenty of yellow robins that inhabit the forest right 
next to the tracks there. Perhaps you’ve noticed one there. 
I caught and banded 120 yellow robins, adorning most of them with pretty 
leg jewellery in a unique combination so I could identify them later, at 18 
sites across the area. Sound easy? It wasn’t. Sometimes I sat in the bushes 
for days on end with my mist-nets and traps at the ready, without so much 
as glimpsing a robin, even though I knew from previous surveys that they 
were there. 
On many occasions, I spent hour upon hour patiently watching busy pairs 
of yellow robins collecting cobwebs and bits of bark to build their perfect 
little sculpted nest, carefully following them through the thick undergrowth, 
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sometimes crawling under blackberry thickets or wading through 
Tradescantia (a thick ground-cover weed) so high I couldn’t sense the 
terrain underneath.  
Sometimes I eventually found their nest, so I could monitor its fate, but often 
my efforts weren’t fruitful at all. 
There was the time I had been watching a pair of yellow robins, sitting dead 
still in the undergrowth for what seemed like an age. Eventually I decided 
to break for lunch, but not far away, just in case. No sooner had I opened 
my sandwich wrapper than they started with the most crazed racket.  
I crept over to investigate and watched them aggressively diving at 
something on the ground. The next moment, the largest tiger snake I have 
ever seen came slithering at full speed out of the grass and straight towards 
me! 
Even in my panic, I couldn’t help but marvel at the gall of the 20 gram tiny 
birds. They were willing to take on a large predator for the sake of their 
family. 
They’re tough, alright, but my research has showed that there’s a limit to 
their toughness and maybe they’re not quite robust enough for inner city 
life.  
I combined the field data I collected with that which I accrued from many 
long days of lab work, plus extensive spatial modelling (for which I had to 
construct my very own super computer!). 
And the results? 
Sadly, urbanisation is causing extreme fragmentation of suitable yellow 
robin habitat. And detrimental in-breeding is highly likely in patches that 
are entirely isolated, such as Braeside Park in Braeside or The Grange 
Reserve in Clayton South. 
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However, it’s not all bad news: all we need is trees!  
The connectivity models and genetic data show that landscape tree cover 
facilitates gene flow, that is, individuals dispersing and passing on their 
genetic material successfully. So, retaining trees in the east of Melbourne, 
to connect our parks and reserves is absolutely critical. 
And it’s apparent that vegetation along protected river corridors 
(particularly the Yarra River and Dandenong Creek) are providing 
important landscape links. 
At a finer scale, yellow robins are able to exploit some elements of the 
modified microhabitat in urban environments. For example, it seems that 
ground covering weeds such as Tradescantia may be performing an 
analogous function to the deep, moist leaf litter that is ideal habitat for 
insects and spiders that yellow robins feed on. 
I’ve only studied at one species, but this species is known to be a sort of 
indicator for other small woodland bird species. What threatens yellow 
robins is likely to also threaten a variety of species, especially the small 
insectivores.  
For the sake of these species, let’s make sure we keep the trees in our urban 
landscape, and look after the forest and woodland reserves across 
Melbourne, with special care for the river corridors. 
And finally, a note of caution for conservation managers. Sometimes weeds 
can be important for our native fauna, so before you remove them, make 
sure you’ve considered their ecosystem function and how you will replace 






It is conceivable that the growth of urban areas is one of the greatest threats 
to biodiversity during contemporary times. We are amid rapid and 
widespread global urbanisation, with more people choosing to live in and 
around urban centres all over the world, across developed and developing 
nations alike. Urbanisation is a radically transformative landscape-level 
process that presents novel challenges to wildlife and local extirpations of 
species is commonplace in urban areas. However, there is some hope for 
wildlife. While cities are rarely designed with consideration of biodiversity 
conservation, action can be taken to improve the likelihood that a diverse 
variety of species can co-exist with humans and human-centric 
infrastructure. Those species that persist in urban areas play an especially 
important role, reminding humans that they live as part of a connected and 
biodiverse world. In this thesis, I have explored this notion for a model 
species, the Eastern Yellow Robin (Eopsaltria australis, hereafter ‘yellow 
robin’), in Melbourne, Australia. 
Here, I investigated the impacts of urbanisation on the availability of 
suitable yellow robin habitat at both a landscape- and local-scale and 
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explored the implications of habitat fragmentation on gene flow. Gene flow 
was estimated using DNA sources from both blood and feathers of wild 
birds, and I took the opportunity to test novel species-specific markers, 
which will be useful for other researchers studying this species. I also 
quantified the efficacy of these markers using feather-sourced DNA. My 
findings confirm that feathers from small passerines are a viable source of 
DNA, if appropriate markers are carefully selected. 
By considering habitat availability across the urban-rural gradient in eastern 
Melbourne, I have showed that urbanisation dramatically decreased the 
availability and increased the degree of structural fragmentation of suitable 
yellow robin habitat. Ostensibly, this structural fragmentation had 
transferred to a loss of functional connectivity and isolation-by-resistance 
was evident in the population I examined. However, interestingly, gene flow 
was most strongly related to landscape tree cover, rather than the predicted 
habitat availability. There was a sex-bias to the gene flow results, consistent 
with known male philopatry, but also suggesting that females can use tree 
cover that is not considered suitable habitat to undertake dispersal.  
Riparian vegetation is critical and river corridors in eastern Melbourne are 
providing both refuges from surrounding urban areas, and also important 
landscape connections for gene flow. At the local-level, these urban riparian 
corridors offer significantly different microhabitat characteristics than 
riparian sites within continuous forest, which is the known preferred habitat 
of yellow robins. However, yellow robins that persist in these urban riparian 
reserves are displaying a degree of behavioural flexibility and are largely 
able to exploit the microhabitat resources that are available, including using 
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weedy ground cover where leaf litter is lacking. Tree cover and native 
ground cover were the only two characteristics that yellow robins appear to 
actively select, and this preference is likely related to the species perch-
pounce foraging strategy, requirements relating to their food source of 
insects and other arthropods, the need for appropriate nest sites and 
protection from aerial predators. 
Yellow robins have more specific resource requirements compared to a suite 
of woodland-dependent heterospecifics, and conservation management 
actions undertaken to protect this species will have positive implications for 
several other urban-sensitive species. Appropriate management actions 
should include retention of tree cover across the urban landscape, protection 
of forest reserves of suitable sizes, and enhancement of habitat connections, 
especially along riparian corridors. Caution should also be applied to weed 
removal in urban reserves, because some weeds may be providing important 


















Urbanisation as a process of land-use 
conversion that impacts woodland birds 








‘MRGG’ - one of our regular visitors at  
Shepherds Bush, Glen Waverly 





Urbanisation is one of the most extreme forms of land-use conversion 
worldwide (McKinney, 2006). The process of urbanisation involves human 
populations shifting from rural to urban areas, or growth in existing urban 
areas and, consequently, an increase in infrastructure and amenities to meet 
demand. This process is one of the most irreversible human impacts on the 
global biosphere and results in changes in land-cover, hydrology, 
biogeochemistry, climate, and biodiversity (Seto et al., 2011). Urbanisation 
is also one of the fastest growing forms of land-use conversion. According 
to the latest United Nations report (2016), the world’s urban population has 
soared from 2.6 billion (45 % of the whole) in 1995 to 3.9 billion (54 %) in 
2014, and the most recent projections indicate that an additional 2.5 billion 
people will reside in cities by 2050. Confounding the rapid growth of urban 
populations, cities across the world are sprawling and, therefore, converting 
more land for urban use (United Nations, 2016).  
The alarming projections about the rapid rate at which our cities will grow 
and expand have led to the recognition of urbanisation as a major global 
challenge and an area requiring further research in conservation biology 
(Ibáñez-Álamo et al., 2017; Miller & Hobbs, 2002). Urbanisation is 
attracting increasing attention from the scientific community, in an attempt 
to improve our understanding of the impacts of the intensive alteration of 
the urban environment on wildlife (Marzluff, 2016; McDonnell, 2015; Seto 
et al., 2011). Urbanisation is a major cause of biotic homogenisation and is 
recognised as one of the leading causes of habitat loss and species extinction 
worldwide (McKinney, 2006; Slabbekoorn & den Boer-Visser, 2006). 
Because of its homogenising effect, urbanisation is a major threat to 
biodiversity. For birds, the focus of my research, homogenisation means that 
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a small number of species tend to thrive and a functionally similar 
assemblage of species can be found in geographically separated urban 
centres (Clergeau et al., 2006; Conole & Kirkpatrick, 2010; Croci et al., 
2008). Commonly, urban tolerant bird species that can adapt to the stressors 
of the urban environment persist, while urban-sensitive species experience 
local extirpations.  
Homogenisation occurs because urban areas are shaped to satisfy human-
specific requirements, which results in similarly structured cities around the 
world (Forman, 2014b; McKinney, 2006). Fundamentally, an urban area 
comprises two components, built spaces and green spaces (Forman, 2014a), 
and the globally universal process of converting an environment to ‘urban’ 
almost always requires some form of removal of vegetation to accommodate 
built spaces, or complete restructuring of vegetation to accommodate 
human-centric green spaces. Habitat is, therefore, a major feature of 
avifaunal urbanisation studies, and of approximately 4,360 journal articles 
resulting from a search based on the terms (bird OR avian) AND (urban OR 
peri-urban OR suburban), over 1,800 had the term ‘habitat’ in their title, 
abstract or keywords (search database: Elsevier SciVerse Scopus, search 
date: 10 December 2017).  
Habitat attributes at both local- and landscape-scales are important for birds 
in urban areas. In two southern Canadian cities, Melles et al. (2003) found 
that bird species richness declined in relation to a gradient of increasing 
urbanisation and that local and landscape-level habitat attributes explained 
the distributions of birds in residential areas. Important local-scale habitat 
attributes included large coniferous trees, berry-producing shrubs, and 
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presence of freshwater streams, while predictive landscape-scale measures 
included forest cover and park area (Melles et al., 2003). In Arizona, USA, 
avifaunal abundance, species richness, and evenness have been associated 
with variables describing land-cover pattern including housing density, 
vegetation type and cover and fluvial morphology (associated with 
disturbance) (Germaine et al., 1998). Similarly, in California, USA bird 
species richness and density were affected by landscape-level attributes 
such as building density, number of bridges and the amount of native 
riparian habitat (measured as volume and riparian width) (Rottenborn, 
1999). In general, urban areas that retain native vegetative characteristics 
harbour more native bird species than those that do not (Chace & Walsh, 
2006).  
Habitat responses to urbanisation are often documented in terms of 
community-level features such as species richness and abundances (e.g. 
Donnelly & Marzluff, 2004; Germaine et al., 1998; Melles et al., 2003). 
Additionally, studies often span local- and/or landscape-scales, with habitat 
considered both in the sense of local vegetation structure and characteristics 
(Ortega-Álvarez & MacGregor-Fors, 2009) and geographical attributes such 
as building density (Blair, 1996; Rottenborn, 1999) or reserve size and 
configuration (e.g. Pellissier et al., 2011). Through my review of the 
literature, I identified two key principles that have guided my research 
approach. First, birds respond to changes in habitat at both the local- and 
landscape-scale and it is pertinent to address both scales (Lundholm, 2006). 
Second, overwhelmingly the literature addresses community-level 
responses to urbanisation. Species-specific studies are less common. 
However, a species-specific approach provides for a more mechanistic 
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interpretation and, if an appropriate species is chosen, the findings will be 
transferrable to similar species. Here, therefore, I focused on gaining an in-
depth understanding of the effects for a single species at both the local- and 
landscape-scale.  
This thesis is the culmination of my exploration into the effects of 
urbanisation and urban sprawl on a small, urban-sensitive passerine species 
in Melbourne, Australia. I have examined two features of the avifaunal 
response to urbanisation: 1) habitat availability and use at both the local- 
and landscape-scale, and 2) the effects of landscape configuration on 
dispersal and functional connectivity, as inferred by gene flow. In this 
introductory chapter, I provide the basis and foundations for the subsequent 
four data chapters. I first review the varied definitions of ‘urban’ and 
‘urbanisation’ and explain the methodological underpinnings of the urban 
‘gradient’ approach, which I have used in two of my four data chapters. I 
also explore contemporary literature concerning birds and urbanisation with 
regards to the objectives of my research.  
1.1. A slippery slope? Defining the urban gradient 
Although critical to the study of urbanisation, definitions of ‘urban’ or 
‘urbanisation’ are rarely evident in the ecological literature. From a review 
of 63 journal articles that studied ‘urban ecology’, McIntyre et al. (2008) 
found that the vast majority of authors did not define ‘urban’ explicitly, 
finding instead that the definition of ‘urban’ was assumed, in much the same 
way that the definition of ‘forest’ is often assumed to be known. Similarly, 
Marzluff et al. (2001) found that 40 % of the studies they reviewed did not 
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specify a quantitative definition for ‘urban’. Chamberlain et al. (2009), in 
their meta-analysis and review of avian productivity in urban landscapes, 
also found a deficiency of quantitative definitions of ‘urban’ or, where 
definitions were given, there was a high degree of variability between 
studies. The deficiency and variability of definitions in studies of 
urbanisation means that findings are difficult to interpret and compare.  
Across the breadth of urbanisation literature, the varied definitions of 
‘urban’ include all landscapes in which buildings dominate. The range spans 
commercial/industrial (e.g. city centre) and residential (e.g. suburbs) 
landscapes, and incorporates green spaces embedded within the urban 
matrix (e.g. parks, gardens, small urban woods). Some authors define 
residential locations as ‘urban’ while similar areas are typically considered 
‘suburban’ by other authors (Chamberlain et al., 2009). A consistent 
definition of ‘urban’ is needed, to enable findings to be compared across 
studies. The definition of an urban ecosystem should be interdisciplinary, 
quantitative, and considered (McIntyre et al., 2008). Some authors have 
attempted to do this, for example McDonnell et al. (1997) adopted a 
geographer’s perspective and defined ‘urban’ according to the number of 
humans per hectare, with urban areas having more than 6.2 people per 
hectare.  
By extension, the definition of ‘urbanisation’ is also problematic. Some 
authors refer to it as a process, with urbanisation implying increasingly 
intense human land-use, while others opt to define it by quantifying levels 
of development (Blair, 2004). Gering and Blair (1999) adopted the process 
approach, referring to urbanisation as the anthropogenic conversion of 
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natural ecosystems into human-dominated ecosystems. Similarly, according 
to McDonnell and Pickett (1990, p. 1232), urbanisation can be characterised 
as “an increase in human habitation, coupled with increased per capita 
energy consumption and extensive modification of the landscape”. 
However, they also prescribe to the ‘degree of development’ approach, 
asserting that when studying urban ecosystems the individual components 
(e.g. structures, physical and chemical environments, populations, 
communities, ecosystems, and human culture) must be quantified 
(McDonnell & Pickett, 1990). Here, I consider urbanisation as a complex 
land-use conversion process involving densification and outward expansion 
of urban areas, and which presents a range of novel forces that drive birds’ 
responses. These forces include habitat loss or alteration, pollution and 
artificial lighting, and responses may be behavioural and/or physiological, 
such as fear (e.g. flight initiation distances) and stress (e.g. cortisol levels).  
Many authors recognise that the urban ecosystem often constitutes a 
continuum of urbanisation intensity, comprising a breadth of settlement 
density and pattern (Marzluff et al., 2001; Matson, 1990; McDonnell & 
Pickett, 1990; McDonnell et al., 1997; Melles et al., 2003). Typically, urban 
areas have a highly modified and densely populated urban core surrounded 
by non-uniform rings of diminishing landscape modification (McDonnell et 
al., 1997). Parcels of land in urban areas generally fall somewhere along a 
gradient of land-use intensity, albeit rarely in a uniform manner, and the 
resulting continuum of natural and human-modified areas can be conceived 
of as a measurable gradient of urban effects (Blair, 2004). Such gradients 
are often termed ‘urban-rural gradients.’ The gradient paradigm is a useful 
tool for research on the consequences of urbanisation (McDonnell et al., 
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1997), especially given that large-scale experiments to study urban effects 
are impractical. 
The use of the gradient approach highlights the importance of scale, because 
inherently the definition of a gradient is scale-dependent. Birds in urban 
ecosystems are influenced both by local and landscape characteristics and a 
multi-scale approach is essential (Savard et al., 2000). The appropriateness 
of methods chosen to measure species responses to urbanisation also relies 
on the spatial scale (McCaffrey & Mannan, 2012). Results of studies 
exploring responses to habitat fragmentation are often difficult to interpret 
because many researchers measure fragmentation at the patch-scale, not the 
landscape-scale (Fahrig, 2003). Here, I have used a landscape-scale gradient 
approach for Chapters 2 and 4. 
The study area I explored in eastern Melbourne, Australia was similar to 
that of Weaving et al. (2011). They employed the term ‘suburban–forest’ 
and used a measure of forest cover to define the degree of urbanisation 
across the gradient. Here, I borrow from both the spatial classification of 
Weaving et al. (2011) and the ‘urban’ definition of McDonnell et al. (1997). 
I refer to an ‘urban-forest’ gradient that covered a larger area than the 
‘suburban–forest’ gradient of Weaving et al. (2011) and comprised a range 
in population density from 0.18 people per hectare at the ‘forest’ end, to 
approximately 150 people per hectare at the ‘urban’ end (ABS, 2015). In 
Chapter 5, I used a local-scale approach, comparing ‘urban’ and ‘forest’ 
sites at points along the gradient and more precisely adopted the definition 
provided by McDonnell et al. (1997), so that ‘urban’ sites had greater than 
6.2 people per hectare. 
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1.2. A bird’s-eye view of habitat loss along urban 
gradients 
Urbanisation typically involves considerable and sustained disturbance, 
resulting in widespread destruction and modification of habitat and the 
degradation of urban ecosystems. The pattern of urban disturbance causes 
habitat patches to become isolated within an ecologically compromised 
background known as the ‘matrix’ (Marzluff et al., 2001). Therefore, the 
conservation of urban bird populations relies on the theoretical principles of 
disturbance and habitat loss. Increasingly, contemporary research into the 
effects of urbanisation is imbued with the concept of habitat fragmentation, 
which is well known to adversely affect biodiversity (Fahrig, 2003).  
In urban environments, habitat fragmentation has caused many once-
contiguous populations to become disjunct and functionally separate (Chace 
& Walsh, 2006). In urban avian assemblages affected by fragmentation, 
Evans et al. (2009) found that the effects of patch size and isolation had 
negative impacts. Urban birds responded positively to increasing the habitat 
structural complexity, supplementary feeding, and negatively to human 
disturbance. However, while patch area, quality and isolation are important 
factors affecting the occupancy of many species, recent reviews have found 
that the characteristics of the intervening urban matrix are also critical 
(Franklin & Lindenmayer, 2009; Prugh et al., 2008). When the urban matrix 
is inhospitable, stark habitat patch edges at the interface become significant 
barriers to dispersal for many bird species (Hodgson et al., 2007).  
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Highly vagile woodland birds often rely on connected habitat patches to 
move around a landscape to access necessary resources (Mac Nally et al., 
2009), and respond negatively to reduced landscape tree cover (Amos et al., 
2012; Radford et al., 2005; Watson, 2011). Urban ecosystems are associated 
with considerably reduced habitat connectivity and, in combination with 
possible genetic adaptations to local pressures, there is growing evidence 
that urbanisation is associated with reduced dispersal and migration 
behaviour, which may also facilitate genetic divergence from ancestral 
populations (Evans et al., 2012). The concept of landscape connectivity was 
originally defined as “the degree to which the landscape facilitates or 
impedes movement among resource patches” (Taylor et al., 1993). More 
recently, connectivity is typically described in terms of either ‘structural’ or 
‘functional connectivity’ (Baguette & Van Dyck, 2007).  
The distinction between structural and functional connectivity is, in part, a 
matter of complexity. Structural connectivity describes the configuration of 
physical characteristics of a landscape (such as the cover of trees or other 
habitat features) while functional connectivity is organism-orientated and 
attempts to describe the interactions between landscape pattern and the 
characteristics of an organism, such as its capacity to traverse areas of non-
habitat (LaPoint et al., 2015; Uezu et al., 2005). Structural connectivity is 
measured using landscape metrics such as patch size or isolation, or other 
measures, or frequently by identifying linear features that are thought to 
facilitate movement (Taylor et al., 2006) or act as barriers (such as roads; 
van der Ree et al., 2011). To characterise functional connectivity requires 
the interpretation of behavioural responses that may imply whether 
landscape patches function as connected from the perspective of the 
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organism (Pe’er et al., 2011). Functional connectivity can also be 
characterised as “how habitat supports biotic mobility and gene flow” 
(Sunnucks, 2011, p. 20), and genetics increasingly plays an important role 
in estimating functional connectivity (more detail in Section 1.4 below). 
Several computer programs have been developed to facilitate investigations 
into fragmentation and connectivity, such as Fragstats (McGarigal & Marks, 
1994) which can be used to calculate several metrics that quantify the degree 
of structural connectivity of a landscape; and Circuitscape (Shah & McRae, 
2008) which explores functional connectivity, using methodological 
concepts borrowed from circuit theory. However, despite these significant 
technological advances, research into the effects of habitat fragmentation in 
urban areas is still in its infancy (LaPoint et al., 2015). Furthermore, the 
linkage of the fragmentation paradigm and the urban gradient approach has 
been suggested (Luck & Wu, 2002). Here, I have explored fragmentation 
effects using an urban gradient approach. I used a novel method to explore 
the effects of urbanisation on structural connectivity of Eastern Yellow 
Robin (Eopsaltria australis) habitat across the urban-forest gradient of 
eastern Melbourne (Chapter 2). Across the urban-forest gradient, I modelled 
functional connectivity (Chapter 4), and validated the models with field 
data, using novel species-specific gene flow markers developed for this 
study (Chapters 3 and 4). 
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1.3. Nature and nurture: genotypic and phenotypic 
responses to habitat fragmentation 
While it is beyond doubt that birds around the world are responding to 
urbanisation (Catterall, 2009; Chace & Walsh, 2006; Chamberlain et al., 
2009; McKinney, 2006), the mechanisms for species’ responses are not well 
understood. Animals may respond to environmental change via three 
mechanisms, move to avoid the change, adjust through phenotypic 
plasticity, or adapt through genetic changes (Wong & Candolin, 2015). 
Thus, for species that persist in novel urban environments, where habitat 
and resources are dramatically modified, the capacity to compensate for 
environmental change depends, in part, on that species’ ability to respond 
with phenotypic change. This may arise through plasticity, where a single 
genotype produces a range of different phenotypes in response to 
environmental variation, or via evolutionary processes, where additive 
genetic differences cause phenotypic change across generations or among 
populations (Diamond & Martin, 2016).  
The basic premise of phenotypic plasticity as a crucial element of population 
establishment and persistence was put forward in the late 19
th
 century by 
Baldwin (1896). A plastic response may take the form of a flexible 
behaviour that rapidly alters (sometimes in a matter of seconds) or may be 
a developmental switch that permanently affects the phenotype (Price, 
2006). It is most often discussed in terms of behavioural traits (e.g. adjusting 
songs to anthropogenic noise, Luther et al., 2016; latency to adopt novel 
foods, Sol et al., 2012a; adjusting length of breeding season to local climate, 
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Yeh & Price, 2004), but plasticity may also be evident in morphological 
traits (e.g. increasing yellow colour in breast plumage, Slagsvold & Lifjeld, 
1985). Behavioural adjustments to urban habitats are widespread, and many 
occur very rapidly and involve learning, and thus can be attributed to 
plasticity (Sol et al., 2013).  
In urban environments, a key change to which animals must respond is the 
dramatic restructure of habitat. Species that have not evolved highly specific 
habitat requirements and have a degree of behavioural plasticity fare better 
as they are able to exploit novel resources. Adjustment of habitat 
preferences comprises multiple plastic phenotypic traits (e.g. physiological 
tolerance, environmental matching, behavioural activity patterns) (Martin, 
1998; Sol et al., 2013). Here, I explored microhabitat preferences in yellow 
robins (Chapter 5). I considered whether microhabitat characteristics used 
by yellow robins within urban or forest reserve types differed from the 
available microhabitat in the two reserve types.  This method provides an 
indication of  ‘habitat choice’ (cf. Johnson et al., 2006), which comprises a 
variety of behaviours that cause an individual to spend more time in one 
habitat than another, compared with random expectation (Futuyma, 2001; 
Webster et al., 2012). I compared microhabitat use and availability at the 
urban and forest ends of the urbanisation gradient in eastern Melbourne. 
While rapid shifts in ‘habitat choice’ provides evidence of phenotypic 
plasticity, there may also be a genetic component to the continued 
persistence of urban-sensitive species’ in urban environments. The two 
other mechanisms by which organisms respond to changed conditions are 
to move away from the change, or to undergo adaptive evolution, both of 
 
33 
which have a relationship to genotypic changes. In Chapter 4, I used a 
genetic approach, comparing genetic differentiation with modelled dispersal 
patterns. However, it is important to note that the ‘move’ and ‘adapt’ 
mechanisms are not distinct and, specifically, an organism’s movement 
patterns can facilitate or hinder adaptation. In out-breeding species, loss of 
genetic diversity, through genetic bottlenecks created by limited dispersal, 
reduces a species’ ability to evolve in response to environmental changes, 
and ultimately results in inhibited adaptive potential (Frankham et al., 
2017). 
1.4. The synergy of population genetics and conservation 
biology 
One vehicle for studying genetic variation across meta-populations of 
species (i.e. spatially isolated population fragments as may be found 
distributed across urban landscapes, Frankham et al., 2010) that is becoming 
increasingly popular in ecology is community genetics. As well as providing 
important information about population demographics, community genetics 
synthesises community ecology and population genetics and can therefore 
provide novel insights into the interactions between evolutionary and 
ecological processes (Neuhauser et al., 2003). Extending this approach, 
landscape genetics, combines spatial information about landscape features 
and community genetics. It is relatively new to ecology but is a valuable 
tool that can provide estimates of functional connectivity (mobility and gene 
flow of organisms) as well as population demography, including in 
woodland birds (Sunnucks, 2011).  
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Landscape genetics has only recently emerged, arising from an increasing 
number of researchers using landscape variables to explain observed spatial 
genetic patterns (Manel et al., 2003). This approach usually estimates gene 
flow by using some measure of genetic differentiation between individuals 
or isolated populations and associating the ‘genetic distances’ with a spatial 
model of a geographical ‘effective distance’. Genetic differentiation 
between groups of individuals can be used to make inferences about the 
degree of isolation, which in turn can be related to landscape characteristics 
that may impact connectivity (Manel et al., 2003; Wagner & Fortin, 2012). 
In a general sense, landscape genetics provides a tool to identify spatially 
defined features at a landscape-scale, which influence gene flow within and 
between groups of a study population.  
The importance of habitat connectivity for highly mobile avifauna 
communities in urban environments is well established (Shanahan et al., 
2011a). However, our understanding of the genetic effects of habitat 
configuration on individual species in urban areas is limited. Exploring 
landscape genetics and functional connectivity for individual species will 
improve our understanding of species-specific effects of this aspect of 
urbanisation. This method has recently been employed to look at gene flow 
and functional connectivity on other taxa in urban ecosystems, for example 
mice (Munshi-South, 2012) and amphibians (Goldberg & Waits, 2010; 
Measey & Tolley, 2011).  
Genetic differentiation can be measured using markers with varying 
temporal or spatial resolution (e.g. mitochondrial DNA, microsatellites, 
amplified fragment length polymorphisms and Y chromosomes) and spatial 
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genetic patterns are usually described as ‘clines’, ‘isolation-by-distance’, 
‘genetic boundaries to gene flow’, ‘meta-populations’ or ‘random patterns’ 
(Manel et al., 2003). The degree of differentiation is often a correlated 
straight-line geographic distance between groups or populations, with the 
‘isolation-by-distance’ hypothesis predicting that the most distant 
populations will be the most genetically distinctive from all other 
populations (Wright, 1943). Here, I have used ‘isolation-by-distance’, 
comparing geographical distance between yellow robins with genetic 
‘distance’ (that is, relatedness) using microsatellite markers. I also 
contrasted isolation-by-distance with an alternative landscape modelling 
method known as ‘isolation-by-resistance’.  
To further extend our understanding of the relationship between the 
landscape and gene flow, landscape characteristics are now often modelled 
in terms of ‘resistance’ (Amos et al., 2012; Goldberg & Waits, 2010) – that 
is, the degree to which various features might hinder the mobility of a 
species. These models can fill gaps in knowledge about organism’s 
movement patterns, where ‘resistance’ represents a combination of the 
willingness of an organism to cross a particular landscape, the physiological 
cost of doing so, and the reduction in fitness or survival (Zeller et al., 2012). 
Resistance models are used to explore the ‘optimal pathway’ for species 
mobility and gene flow (McRae, 2006; Spear et al., 2010). Isolation-by-
resistance  may be modelled using an algorithm that applies principles of 
circuit theory (McRae et al., 2008a; McRae & Beier, 2007). The conceptual 
framework of the application of circuit theory considers landscape 
resistance as the analogue of electrical resistance, and the movements of 
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individuals and flow of genes are analogues of electrical current (Amos et 
al., 2012).  
The application of an isolation-by-resistance approach appears to explain 
more of the variation in genetic patterns in birds than other optimal pathway 
modelling techniques (Sunnucks, 2011). Using the circuit theory approach, 
‘resistance distances’ are calculated based on all possible paths, not simply 
a singular optimal path, and higher values correspond with higher expected 
costs to move between locations (McRae, 2006). There is evidence to 
suggest that this can explain the movement of genes over several generations 
more effectively than with other models of landscape resistance such as 
‘least cost’ (McRae et al., 2008b; McRae & Beier, 2007). Circuit theory 
reflects a random exploration of the landscape, which is biologically 
appropriate for species such as yellow robins, where dispersal largely occurs 
in the first year (some males may delay dispersal to remain at the nest to 
help raise offspring, Higgins & Peter, 2003), and young robins are likely to 
lack experience and have imperfect knowledge of their surrounds. 
1.5. A model species: the Eastern Yellow Robin 
Urbanisation has a significant effect on avifauna and the species-specific 
responses are many and varied (Chace & Walsh, 2006; Marzluff, 2001; 
Marzluff, 2016). However, community-based studies dominate the literature 
addressing the effects of urbanisation on birds, while studies exploring 
species-specific phenotypic, demographic and genetic responses to 
urbanisation are scarce. There is also a lack of studies exploring the 
mechanism behind observed variations. Here, I adopted a species-specific 
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approach with mechanistic elements, exploring how urbanisation has 
shaped habitat availability, and examining both phenotypic and genetic 
responses to habitat loss and fragmentation caused by urbanisation, for a 
single species, the Eastern Yellow Robin (Eopsaltria australis Shaw, 1790, 
hereafter ‘yellow robin’).  
The yellow robin is a small (14.8 - 30.0 g; Dunning 2007) ground-foraging, 
insectivorous passerine, endemic to eastern Australia. It is sedentary and 
locally common but is woodland-dependent and inhabits forest and 
woodland which comprise optimal floristic and structural characteristics 
(e.g. tree cover, Radford et al., 2005; litter depth, Sitters et al., 2014). The 
yellow robin is an ideal model species for studying urbanisation effects 
because it usually coexists with several similar species but has more specific 
habitat requirements (Watson et al., 2001).  It is well established that the 
yellow robin and its co-occurring heterospecifics in south-eastern Australia 
have experienced universal decline in woodland ecosystems of southern 
Australia (Antos et al., 2008; Mac Nally et al., 2009). However, the 
mechanistic work to understand the causes of this decline has also 
predominantly focused on community-level responses (e.g. Bennett & 
Watson, 2011; Nimmo et al., 2016; Radford & Bennett, 2007). Therefore, 
the general findings from this study are significant because, while they are 
species-specific, they bear relevance to other woodland-dependent 
insectivores.  
Several studies have demonstrated the susceptibility of yellow robins to 
various anthropogenic disturbances (e.g. agriculture, Harrisson et al., 2012; 
fire, Sitters et al., 2014; urbanisation, Trollope et al., 2009). In particular, 
 
38 
yellow robins and are significantly threatened by fragmentation processes 
in agricultural landscapes (Amos et al., 2014; Watson et al., 2001) and are 
sensitive to fragment size (Zanette, 2000), and levels of landscape tree cover 
(Radford et al., 2005). The known adverse effects of habitat fragmentation 
include compromised population demography (Debus & Ford, 2012; Palmer 
et al., 2008; Zanette, 2000), altered sex-ratios, increased male relatedness 
(Harrisson et al., 2012) and disrupted gene flow (Amos et al., 2014).  
Despite an evidently negative response to sustained anthropogenic 
disturbance, the yellow robin remains relatively ubiquitous. Yellow robins 
are widely distributed throughout eastern Australia and generally considered 
locally abundant, inhabiting a variety of woodland and forest ecosystems. 
The species has moderately specific habitat requirements of a certain level 
of complexity, particularly a complex understorey, including sparse ground 
cover (rarely grassy) and a tall shrub layer (Higgins & Peter, 2003). Robins 
found in less-vegetated landscapes are known to avoid sub-optimal grassy 
sites, or where they do occur in grassy sites they experience more chronic 
physiological stress (2012). This is likely because the species relies on lower 
vegetation strata to employ its perch-pounce foraging strategy to acquire 
arthropods in the leaf litter (Chapman & Harrington, 1997). The relative 
ubiquity and understory presence mean the yellow robin is more accessible 
for study, with a higher likelihood of capture and visibility than many other 




In Melbourne, Australia, woodland birds declined markedly in response to 
clearing for early urban developments throughout the 19
th and 20th 
centuries, and several species are now locally extinct (Loyn & Menkhorst, 
2011).  Yellow robins are sensitive to urbanisation (Fitzsimons et al., 2011; 
Trollope et al., 2009), but persist across the urban-forest landscape in 
Melbourne. However, yellow robins are less likely to occur in small 
woodland reserves where the surrounding intensity of urbanisation is high 
(Trollope et al., 2009). Local yellow robin meta-populations that may be 
isolated within the urban matrix are, therefore, of conservation concern 
(White et al., 2009). However, the specific response of this species to 
urbanisation and the underlying mechanisms are not well understood 
because previous work has been undertaken at the community-level and not 
focused singularly on yellow robins. It is unclear whether the inevitable 
expansion of urban areas in eastern Australia poses a threat of irreversible 
local meta-population extinction to yellow robins, and whether any existing 
threat might be mitigated through planning or management.  
1.6. Thesis overview 
The central theme of this thesis is the effects of urbanisation on habitat 
resources for the yellow robin, and the implications of those effects. I first 
modelled habitat availability at a landscape-scale and investigated how the 
urban-forest gradient of eastern Melbourne influences the structural 
fragmentation of habitat. I then explore the gene flow implications of habitat 
fragmentation, concurrently contributing to knowledge about the use of 
DNA from feathers to quantify gene flow.  
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1.6.1. Objectives and structure 
This study has two main aims – to investigate the effects of urbanisation on 
habitat resources for yellow robins at both the local- and landscape-scale, 
and to investigate the genetic implications of those effects. I have allocated 
two chapters to each aim; Chapters 2 and 5 explore the effects of 
urbanisation on habitat at the landscape- and local-scale respectively, and 
Chapters 3 and 4 together address the genetic implications of urbanisation 
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Figure 1.1 Structure and flow of this thesis.
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Chapter two investigates the distribution of suitable yellow robin habitat 
across the urban-forest gradient, using species distribution models, and 
quantifies the structural fragmentation of habitat across the gradient. This 
chapter has been submitted to the journal Journal of Animal Ecology. 
Chapter three develops novel species-specific microsatellite markers, 
using these markers to genotype yellow robins from the study population, 
and tests their viability for use with feather-sourced DNA. This chapter has 
been submitted to the journal Ibis. 
Chapter four uses the models and markers developed in Chapters 2 and 3 
and explores the population structure and functional gene flow in the study 
population of yellow robins. This chapter will be submitted to the journal 
Biological Conservation. 
Chapter five focuses on the local-scale effects and examines microhabitat 
availability and choice in riparian habitat, comparing these across small 
urban reserves and large continuous forest. This chapter will be submitted 
to the journal Wildlife Research 
Chapter six is a synthesis of the preceding chapters. It identifies key 
findings, their implications for conservation management of urban-sensitive 
yellow robins and other small woodland-dependent species and provides 
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An inquisitive Eastern Yellow Robin 
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Urbanisation is a major cause of global biodiversity decline and with 
predicted dramatic increases in urban populations this decline is likely to 
intensify. A landscape-scale consequence of urbanisation is habitat loss and 
fragmentation with small woodland-dependent insectivorous ground-
foraging birds particularly affected. We examined how urbanisation has 
shaped habitat availability for the Eastern Yellow Robin (Eopsaltria 
australis), a representative woodland-dependent species that is urban-
sensitive. Our study area encompassed the urban-forest gradient of eastern 
Melbourne, Australia, which has a pattern of urban development common 
to many cities. We linked quantitative spatial methods with a landscape 
gradient approach and, using presence data from extensive field surveys and 
atlas records, we constructed a species distribution model to explore the 
effect of landscape features across the gradient on robin habitat availability. 
Landscape tree cover was important and vegetation complexity may be a 
key factor influencing the habitat availability and occurrence of yellow 
robins. Closer to the urban fringe, suitable habitat was more aggregated and 
connected. Across the gradient, waterways provided a major structural 
connectivity component, especially closer to the city centre where suitable 
habitat patches were sparse. The retention of large habitat patches and the 
enhancement of their landscape connections, especially along waterways, 





Urbanisation is arguably the most dramatic land-use conversion and one of 
the most rapidly accelerating threats to biodiversity. By 2050 two-thirds of 
the world’s population is expected to live in urban areas (United Nations, 
2014). Urbanisation effects a wide variety of organisms, with some 
taxonomic groups more profoundly impacted. Globally, urbanisation is 
causing homogenisation of urban bird communities (Chace & Walsh, 2006; 
McKinney, 2006). Almost invariably, urban development results in a loss of 
ground-nesting species, habitat specialists and those that rely on large 
patches of intact habitat (Clergeau et al., 2006; Evans et al., 2009; Marzluff, 
2001). 
Widespread decline of small forest- and woodland-dependent passerines is 
evident and consequently this is a group of conservation concern across the 
globe (Ford, 2011; Gregory et al., 2007; Recher, 1999). This group of 
species, particularly insectivores and ground-foragers, are vulnerable to 
landscape change (Bregman et al., 2014) and are unlikely to thrive in urban 
environments for a number of reasons, including decreased reproductive 
success, direct human disturbance, and reduced availability of breeding 
habitat (Clergeau et al., 2006; Lim & Sodhi, 2004) or food (Chamberlain et 
al., 2009).  
At a landscape-scale, urban development causes widespread and systematic 
loss of woodland vegetation, reducing patch size, penetrating large patches 
and disrupting connections between remaining patches (Marzluff, 2008). 
The degree to which urbanisation causes fragmentation of woodland habitat 
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plays a major role in determining whether woodland-dependent ground-
foraging insectivores persist. Many species are ‘area-sensitive’ making them 
particularly susceptible to reduced patch sizes in urban landscapes (Evans 
et al., 2011), and the characteristics of the urban matrix can present 
significant barriers to their dispersal (Hodgson et al., 2007). In Australia, 
woodland birds are known to be highly sensitive to habitat fragmentation 
(Amos et al., 2014; Watson et al., 2005), but our understanding is limited to 
non-urban landscapes.  
Here, we addressed this knowledge gap for a representative, woodland-
dependent insectivorous species the Eastern Yellow Robin (Eopsaltria 
australis, subsequently ‘yellow robin’). It forages predominantly on the 
ground (Chapman & Harrington, 1997) and nests in the understorey strata 
(Debus, 2006c). This species is sedentary and mating pairs maintain their 
territory year-round (Higgins & Peter, 2003), and therefore both patch- and 
landscape-level influences are important. The yellow robin is commonly 
associated with a suite of woodland-dependent bird species (Watson et al., 
2005) that several studies have confirmed are sensitive to urban 
development (Chace & Walsh, 2006; Trollope et al., 2009; White et al., 
2005). It is likely that this sensitivity is strongly related to loss and 
fragmentation of habitat across urban landscapes. Yet, the effect of 
urbanisation on habitat availability for these species remains largely 
uncharacterised. 
Landscape fragmentation can be described in terms of either ‘structural’ or 
‘functional’ connectivity, where the former describes the configuration of a 
landscape and the latter is organism-orientated and relates to behavioural 
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responses (LaPoint et al., 2015). We took a structural connectivity approach 
and linked quantitative spatial analysis and urban gradient methods 
(McDonnell & Pickett, 1990) to explore landscape habitat availability and 
configuration for the yellow robin. We investigated a city with a complete 
urban-forest gradient, Melbourne, Australia, and used species distribution 
modelling (SDM), which investigates the relative importance of landscape 
habitat characteristics in predicting the likely occurrence of a species (Elith 
et al., 2011) and can be interpreted as an estimate of habitat preferences 
(Guillera-Arroita et al., 2015).  
From the SDM, we produced a series of habitat maps that covered the entire 
gradient. We then compared fragmentation effects across the gradient by 
generating several standardised metrics that empirically quantify landscape 
structural fragmentation. We addressed several questions: 1) across the 
‘urban-forest’ gradient how has urbanisation affected the distribution of 
yellow robin habitat? 2) which landscape characteristics are most important 
in determining likelihood of occurrence and habitat suitability for yellow 
robins? and 3) how is fragmentation impacted by position along the urban-
forest gradient? 
2.3. Methods 
2.3.1. Study area 
This study was conducted in the eastern part of greater Melbourne, 
Australia, centred over 37° 50’ S, 145° 10’ E, within a 50 km radius of the 
central business district (CBD) and encompassing 168,000 hectares (Figure 
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2.1). Melbourne has a mild climate and while housing density remains low-
medium with 440 people/ km
2
, it has a large population of 4.44 million and 
the largest growth of all Australian capital cities (ABS, 2015). The relatively 
recent and rapid development since 1836 has resulted in a gradient of 
urbanisation typical of both developed and developing cities worldwide. 
Melbourne comprises a metropolitan city centre transitioning to residential 
suburbia and, in the east, a fringe dominated by natural woodland and forest 
vegetation and agriculture.  
Prior to settlement by European people, the predominant natural vegetation 
of eastern Melbourne was open woodland and forest (DELWP, 2015), the 
preferred habitat of yellow robins. It is likely that yellow robins occupied a 
substantial proportion of the study area prior to settlement. Small patches of 
these habitats now occur in parks and reserves within the urban matrix. We 
define ‘urban matrix’ as all areas that are not natural vegetation, including 
residential dwellings and associated gardens, industrial areas and 
infrastructure such as streets, community facilities and open space (e.g. 
sports grounds) (after Palmer et al., 2008). Large patches of woodland and 
forest are protected in conservation reserves (e.g. national parks) established 
at the fringe of Melbourne. Our study included a range of environments 
across the urbanisation gradient, incorporating small and large native 




Figure 2.1 The study area in eastern Melbourne, Victoria, Australia. Grey 
shading indicates current extent of native vegetation. 
2.3.2. Occurrence data 
We compiled yellow robin occurrence data from four datasets. Three 
datasets were from field surveys conducted by Erin Lennox (EL), Vincent 
Aulich (VA) and Christine Connelly (CC). EL conducted presence surveys 
at 140 sites across the urban fringe, close to the eastern extent of the study 
area, May-August 2012. These sites were surveyed four times with ten 
minutes of call playback broadcast at a low volume. Between October 2011 
and February 2012, VA conducted surveys at 65 sites across the entire study 
area, using up to three two-minute bursts of call playback to confirm 
presence. CC conducted presence surveys within 25 reserves across the 
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study area, 2011-2013. CC visited these reserves repeatedly during the 
survey period (each reserve was surveyed at least once during each season, 
spending between 2-5 hours carrying out observations for each visit), and 
did not use call playback to aid detection. We supplemented the three field 
survey datasets with data from BirdLife Australia Atlas data. Presence 
records in the supplied atlas dataset fell between 1996 and 2010. A subset 
of the data was used, specifically only those records from 2003-2010 that 
included a reliable GPS location (with a specified datum). Finally, we 
merged all four data sets and used ArcGIS (Version 10.2.2; ESRI, 2014) to 
remove duplicate presence records, creating a dataset with a single presence 
point per 10 × 10 m grid.  
2.3.3. Explanatory variables 
We selected six spatially explicit environmental predictor variables for generating 
the models a priori, based on existing knowledge of yellow robin ecology (  
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Table 2.1) Variables used for modelling were landscape tree cover (TREE), 
presence of riparian vegetation types (RIPARIAN), normalised difference 
vegetation index (NDVI), land-cover (LANDCOVER), slope position 
classification (SPC) and topographic index (TPI).  
This species is less likely to occur in landscapes with reduced tree cover 
(Radford, Bennett, & Cheers, 2005; Watson, Freudenberger, & Paull, 2001) 
and landscape tree cover > 70% has been demonstrated to be important for 
genetic diversity in yellow robins (Harrisson et al., 2012). The 
LANDCOVER layer was derived from high-resolution optical imagery 
(SPOT 5) with the classifications depicting land-use and vegetation cover, 
categorised into five categories; tree cover, grass/agricultural cropping, 
rivers/waterways, waterbodies and impervious surfaces (representing 
urban) (Isaac et al., 2013). The latter classification captures features that are 
distinct to urban areas, such as roads and buildings. TREE is divided into 
four categories: ‘dense’, ‘medium’, ‘scattered’ and ‘none’. Because of the 
known positive association of yellow robins with landscape tree cover 
(Radford & Bennett, 2007), we expected a higher likelihood of occurrence 
associated with the ‘dense’ tree cover category of TREE and the tree cover 
component of LANDCOVER. 
Yellow robins have previously been reported in greater abundance in 
riparian habitats within forest ecosystems due to their elevated resource base 
(Palmer & Bennett, 2006). Furthermore, remnant native vegetation in urban 
areas is often concentrated around waterways, so we expected that riparian 
vegetation types would be particularly important in an urban context. Our 
RIPARIAN variable (Isaac et al., 2013) indicates presence of riparian 
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vegetation types, extracted from state-wide mapping of ‘ecological 
vegetation classes’ classified by the Victorian Department of Environment, 
Land, Water and Planning. We also expected gullies to provide important 
yellow robin habitat while ridgelines might be less favoured because of 
underlying moisture and productivity differences. TPI and the categorical 
SPC describe topography and slope, and account for these landscape 
features. We considered it important to include these two variables because 
the urbanisation gradient in eastern Melbourne generally coincides with an 
altitudinal gradient.  
We included the unprocessed NDVI variable because it highlights 
vegetation productivity across the landscape. We expected productivity to 
be an important predictor of yellow robin occurrence for two reasons. First, 
this species is food resource-limited and higher productivity sites are more 
likely to provide invertebrate food resources (Watson, 2011; Zanette, Doyle, 
Tremont, & Trémont, 2000). Second, productivity is associated with plant 
structural diversity, which is important to yellow robins for a variety of 




Table 2.1 Landscape environmental variables used in the development of the 
yellow robin species distribution model. For ‘Type’, ‘Ca’ indicates a categorical 
variable and ‘Co’ indicates a continuous variable. 
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When selecting predictor variables, we considered the ease of interpreting 
the SDM output and translating it into tangible conservation management 
actions as well as the biology of the species. Yellow robins are sedentary, 
maintaining small territories of 5-6 hectares (Doerr et al., 2011), and are 
therefore likely to respond to highly localised disturbances. Thus, we 
decided to use a high spatial resolution, where each predictor was 
represented by a 10 m raster. In some cases, the chosen layers were not 
available at a 10 m grid but were natively produced at a 20 m resolution. 
Accordingly, we used ArcGIS to increase the resolution artificially. Prior to 
modelling, we used ENM Tools (Version 1.4.3; Warren et al., 2010) to test 
for correlation amongst predictors. Predictor variables were considered 
highly correlated if R
2
≥ 0.7. None of these variables were highly correlated, 




2.3.4. Species distribution model and evaluation 
We used MAXENT (Phillips et al., 2006; Phillips & Dudík, 2008) to 
compute presence-background SDMs for the yellow robin because we did 
not have absences documented in our occurrence data. We processed 
MAXENT models using a combination of default settings and alternative 
settings where ecologically applicable (Merow et al., 2013). We ran the 
models at the regularisation β-multipliers of 0.5, 1, 3 and 10 and allowed 
MAXENT to automatically select feature types, to determine the effects of 
model complexity. We then held the regularisation β-multiplier constant at 
1, thereby retaining the default feature-class specific tuned parameters 
(Phillips & Dudík, 2008), and ran the models at the following combinations 
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of allowed features: a) linear only; b) linear and quadratic; c) linear, 
quadratic and product; and d) linear, quadratic, product and threshold. For 
each β-multiplier or feature combinations, we ran twenty-five replications 
incorporating 5000 iterations. We selected random partitioning of the 
observation data for each run, with 75% of the data used to train the model 
and the remaining 25% used for model testing. 
MAXENT model performance is usually measured in terms of receiver 
operator characteristics (ROC) curves, although we note the issues with 
using ROC for MAXENT models (Merow et al., 2013). Models were 
initially evaluated using the area under the ROC (AUC) because AUC is 
appropriate when used as a relative value for comparing the performance of 
different models based on the same data (Yackulic et al., 2013). Because we 
were interested in selecting the most parsimonious model, we then used the 
software ENM Tools (Warren et al., 2010; Warren & Seifert, 2011) to rank 
models based on Akaike information criterion corrected for small sample 
size (AICc). We selected the best model (in terms of fit and parsimony), 
with the lowest AICc score for further use. 
2.3.5. Bias correction 
Sample selection bias is often cited as a limitation of modelling species 
distributions using presence-only data (Merow et al., 2013; Phillips et al., 
2009; Syfert et al., 2013; Yackulic et al., 2013). In this study, we accounted 
for possible sample selection bias by collecting geographical locations of all 
bird species’ survey records in the area between 1997 and 2011, from 
BirdLife Australia Atlas data and our own surveys, and creating a raster 
 
57 
where each cell comprised a value indicating the inverse of Euclidean 
distance to the closest survey location. This raster provided an estimate of 
sampling intensity across the landscape and we utilised this in the modelling 
process to correct for sample bias. All models we developed included the 
bias layer as the ‘Bias file’ in the MAXENT advanced settings. 
2.3.6. Fragmentation effects across the gradient 
MAXENT provides a raw output which indicates the relative predicted 
probability of presence of a species at each pixel. The output can be 
interpreted as an indication of the likelihood that a pixel represents suitable 
habitat for the species. The model can also be generated by MAXENT in a 
logistic format, where the output is re-scaled from 0 to 1. With due caution 
for the possible loss of information (described by Guillera-Arroita et al., 
2015), the logistic output can be thresholded to produce a binary map of 
suitable and unsuitable habitat. We created a binary raster of suitable habitat 
using the 10
th
 percentile threshold, which is a commonly used (Isaac et al., 
2013; Razgour et al., 2011) and conservative threshold that maximises 
diagnosticity.  
To explore the effects of the urban-forest gradient on habitat availability, we 
quantified the prevalence of likely yellow robin habitat at increasing 
distances from the city centre. We created zones of concentric rings at 5 km 
intervals centred on the city centre (CBD in Figure 2.1) and calculated the 
proportion of each zone that were identified as suitable habitat by the SDM. 
We used a linear regression to examine the relationship between the distance 
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to the city centre and the availability of suitable habitat. Raster processing 
was conducted using a combination of ArcGIS and the R RASTER package 
(version 2.2-31; Hijmans, 2014) and the regression analysis was 
implemented using R (Version 3.0.2; R Core Team, 2013). 
Using ArcGIS, we then divided the study area into a grid of 10,000 hectare 
square ‘landscapes’ to explore habitat configuration across the urban-forest 
gradient. We calculated the distance of the centroid of each landscape to the 
city centre (DIST). We selected five fragmentation metrics that are known 
to perform well; they are not prone to issues related to patch area and are 
better at linking landscape pattern and function than the other metrics 
available (Kupfer, 2012; Wang et al., 2014). We calculated these five 
metrics for each of the 10,000 hectare landscapes, using FRAGSTATS 
(Version 4; McGarigal et al., 2012). We set edge depth to 25 m, threshold 
distance for connectivity to 50 m, and used the 8-cell neighbourhood rule. 
We considered 50 m to be a conservative threshold for connectivity based 
on our knowledge of the biology of yellow robins and literature describing 
the gap crossing behaviour of this species (Debus & Ford, 2012; Doerr et 
al., 2011; Shanahan et al., 2011a). To compare these metrics across the 
gradient and quantify the effect of urbanisation on them we generated five 
linear regression models comparing each metric to DIST, using R (R Core 
Team, 2013). 
Aggregation index (AI) and connectance index (CONNECT) quantify the 
degree to which habitat is clustered together and connected across a 
landscape, respectively. CONNECT calculates whether each pair of patches 
is or is not connected based on the threshold distance provided, in this case 
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50 m. Connections between patches meeting the threshold are described as 
‘functional joinings’ (McGarigal, 2015). These metrics describe features 
important to yellow robin dispersal. We expected urbanisation to have a 
strong influence on these metrics, with both being positively associated with 
distance from the city centre. Yellow robins are susceptible to edge effects, 
particularly at the interface with high density housing (Hodgson et al., 
2007). Therefore, we also calculated the perimeter-area fractal dimension 
(PAFRAC), which essentially describes the ‘edginess’ of patches by 
quantifying how convoluted the patch perimeter is. We expected PAFRAC 
to decrease towards the urban fringe, where patches are less subject to 
dissection from vegetation clearing.  
The core area indices quantify the area of habitat patches that remains after 
excluding an edge buffer of a specified width; in this case, we specified a 
buffer of 25 m. We calculated mean (CAI_MN) and standard deviation 
(CAI_SD) of the core area index. The mean metric quantifies the area of 
patch within the edge buffer averaged across all patches in the landscape 
and the standard deviation provides the variation in area around that average. 
The variation provides an indication of the heterogeneity of patch size across 
the gradient. At the urban end of the gradient, patches buffered from edge 
effects are likely to be both smaller and of a uniform size, while further away 
from the city centre, a greater number of large patches are likely to remain. 
Core area is known to be a useful predictor of the presence and abundance 
of area-sensitive species (Austen et al., 2001) and is therefore particularly 
relevant for the yellow robin. We expected both mean core area and the 





2.4.1. Species records 
In total, 608 field observations of the yellow robin and 488 atlas records 
were collected between 2003-2013. Processing to remove duplicate records, 
i.e. where two observations from the multiple data sources fell within the 
same 10 ×10 m grid, resulted in 605 unique presence records. Only two of 
the final records originated from atlas data, resulting in a robust dataset with 
almost all presence records verified in the field by one or more of the 
authors.  
2.4.2. Species distribution model and environmental predictors 
Eight models were produced with test AUCs ranging from 0.902 to 0.941. 
To apply AICc model selection to MAXENT output, the sample size of 
observational records needs to be greater than the number of model 
parameters (Warren & Seifert, 2011). This requirement was met because 
across all replicates of the eight models, the number of parameters ranged 
from 12 – 63. The most parsimonious model, as defined by the lowest AICc 
value, had a beta-multiplier of 1 and included linear, quadratic, threshold 
and hinge features only. Across the 25 replicates of this model the average 
test AUC was 0.926 and the average number of parameters was 33. The 
model indicated that the highest relative predicted probability of occurrence 
of yellow robins was largely confined to parks and reserves at the urban 
fringe, particularly a large conservation reserve at the eastern fringe of 
Melbourne (Figure 2.2). There was also a high probability of occurrence 
along major waterways, especially at the midpoint of the gradient (Figure 
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2.2). Close to the city centre, the probability of yellow robin occurrence was 
very low, with the exception of several small reserves and numerous isolated 
pixels that are likely to be single trees. 
 
Figure 2.2 Species distribution model for the yellow robin across the urban-forest 
gradient. Dark blue indicates higher relative likelihood of yellow robin 
occurrence and yellow indicates no or low likelihood of occurrence. Major 
waterways are indicated by a solid grey line. 
Four of the environmental predictor variables - LANDCOVER, NDVI, 
TREE and RIPARIAN - contributed 97.1% of the model performance. 
LANDCOVER and TREE were the most important variables, contributing 
28.5% and 28.0% respectively to the model. The jackknife test indicated 
that TREE had the most information not described by the other variables. 
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Additionally, NDVI contributed 23.4% to the model and the jackknife test 
indicated it had the highest gain when used in isolation. Topography (TPI) 
and slope (SPC) did not noticeably influence the likelihood of yellow robins 
occurring (contributing 0.2% and 2.6%, respectively). The response curves 
for the four most important variables are shown in Figure 2.3. 
The relative predicted probability of occurrence of yellow robins was higher 
where LANDCOVER was classified as ‘tree’ (Figure 2.3a) and where 
TREE was classified as ‘dense’ (Figure 2.3b). The response to the NDVI 
variable indicated an optimum range between ca. 0.25 and 0.65 (Figure 
2.3c). The model demonstrated a commonly observed unimodal or ‘hump-
shaped’ response to NDVI (sensu Bailey et al., 2004), indicating that the 
relative probability of occurrence of yellow robins was greatest at 
intermediate levels of productivity. The probability of occurrence was also 
significantly affected by the incidence of rivers, demonstrated by the very 
high probability values associated with the ‘river’ category of 
LANDCOVER (Figure 2.3a). Furthermore, the response to the RIPARIAN 
variable suggested that the presence of riparian vegetation was associated 
with a considerably higher probability of occurrence (Figure 2.3d). 
2.4.3. Fragmentation effects of urbanisation 
The relationship between the proportion of suitable yellow robin habitat and 
the urban-forest gradient was strongly positive and demonstrated an 
exponential relationship (Figure 2.4: RAdj.
2
 = 0.87, p < 0.001). Further 
away from the city centre, the proportion of the landscape available as 





Figure 2.3 Response curves for the four most influential landscape environmental predictor variables: a) LANDCOVER (categorical); b) TREE 




Figure 2.4 Proportion of suitable habitat within 5 km concentric buffer rings 
around the city centre. 
When preparing the 10,000 hectare landscapes for fragmentation analysis, we 
discarded any landscapes where the study area comprised less than one third 
of the proposed landscape, which resulted in seventeen uniformly sized 
landscapes (Figure 2.5). Figure 2.5 shows the binary thresholded SDM 
within each of the seventeen landscapes and provides a visual display of the 
increase in available habitat along the urban-forest gradient away from the 
city centre. The greatest extent of suitable habitat was within the large 
conservation reserve at the eastern fringe of Melbourne, which lies within the 
landscape squares labelled 35.2 and 35.5. There was an extreme lack of 
habitat in the landscapes at the urban end of the gradient. Elsewhere (6.4, 7.8, 





Figure 2.5. Seventeen 10,000 hectare landscapes used for fragmentation analysis. Black represents suitable habitat, grey represents Port Phillip Bay. 
The landscapes are arranged in order of increasing distance from the city centre (left to right, top to bottom). The distance (in km) is displayed on the 
bottom corner of each landscape. 
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Across the seventeen landscapes, the five fragmentation metrics had 
significant linear relationships with the distance from the city centre 
(CONNECT p = 0.011, others p ≤ 0.001), with a strong fit of CAI_MN 
(RAdj.
2 = 0.658), CAI_SD (R Adj.2 = 0.690) and PAFRAC (R Adj.2 = 0.762), 
a moderate fit of AI (R Adj.
2
 = 0.493) and a weaker fit of CONNECT (R Adj.
2
 
= 0.313) (Table 2.1 and Appendix 1). AI, CAI_MN and CAI_SD all showed 
a positive relationship to distance, indicating that with increasing distance to 
the city centre, habitat was more aggregated, there was a larger total of core 
area and there was greater variability in the size of core areas. CONNECT 
also showed a significantly positive response, and with increasing distance 
from the city centre, habitat patches were more connected. At the urban end 
of the gradient around 2 % of patches were connected, while at the forest end 
of the gradient around 10 % of patches were connected (Appendix 1). The 
relationship between PAFRAC and distance was negative, indicating a 





Table 2.2. Results of linear regression of five FRAGSTATS metrics generated for 
each of the seventeen landscapes, modelled against the distance from the city 
centre to the centroid of each landscape. 
Metric Coefficient P Multiple R2 Adjusted R2 
Aggregation index 
(AI) 
0.870 0.001 0.524 0.493 
Core area index – 
mean (CAI_MN) 
0.024 < 0.001 0.679 0.658 
Core area index – 
standard deviation 
(CAI_SD) 
0.127 < 0.001 0.709 0.690 
Connectance 
Index (CONNECT) 




-0.001 < 0.001 0.777 0.762 
 
2.5. Discussion 
Dense landscape tree cover was the strongest determinant of suitable yellow 
robin habitat. For yellow robins and other woodland-dependent insectivores, 
tree cover provides a variety of crucial resources, including key sites for 
foraging, nest placement and predator avoidance and, indirectly, increased 
levels of fallen timber, coarse woody debris and leaf litter, which are 
important as foraging substrates and a source of invertebrates (Ford, 2011; 
Mac Nally et al., 2001). Others have reported the importance of landscape 
tree cover for woodland-dependent birds in Australia (Radford et al., 2005), 
in particular for urban-sensitive species (Trollope et al., 2009), however, this 
is the first time this has been shown in an urban environment at a fine 
resolution across a landscape-scale. 
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Urbanisation had a significant negative impact on the availability and 
structural connectivity of suitable yellow robin habitat. Several aspects of our 
results indicated that the forest end of the gradient, at the eastern fringe of 
greater Melbourne, provided greater habitat in a more appropriate 
configuration for yellow robins and other woodland-dependent birds. First 
and foremost, the urban end of the gradient contained very little suitable 
habitat. Both habitat availability and structural connectivity significantly 
diminished along the urban-forest gradient towards the centre of Melbourne.  
Closer to the city centre, suitable habitat patches were largely surrounded by 
a matrix unsuitable for yellow robins. Patches at the urban end of the gradient 
were five times more likely to be separated by gaps of the non-habitat matrix 
of up to 50 m or more, compared to the forest fringe. For yellow robins and 
other woodland-dependent species, gaps greater than 100 m are likely to 
significantly reduce landscape permeability, and several species tolerate gaps 
of no more than 60-80 m (Doerr et al., 2011; Robertson & Radford, 2009).  
Small woodland-dependent species are also highly susceptible to edge effects 
(Howe, 1984; Maron & Kennedy, 2007), particularly at the abrupt interface 
with the urban matrix (Hodgson et al., 2007). Therefore, in addition to 
connections between patches, protective buffers around patches are vital. At 
the forest end of the gradient, there were more habitat patches with 
adequately-sized buffers (represented by core area index) than closer to the 
city centre. Patches at the forest end of the gradient had less convoluted edges 
(perimeter-area fractal dimension). Following urban island biogeography 
theory (Davis & Glick, 1978), the large reserve at the eastern fringe was 
probably an important refuge from the surrounding urban matrix. This 
reserve likely acted as an important source population by providing 
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individuals to disperse into other patches in the landscape and maintain 
genetic diversity. 
While large patches in urban landscapes may be critical for this area- and 
edge-sensitive species (Hodgson et al., 2007; Zanette, 2000), small patches 
with adequate buffers can provide important stepping stones between source 
and target habitat patches (Baum et al., 2004). At the forest end of the 
gradient, there was greater variation in the size of patches with adequate 
buffers. The smaller patches may provide important intermediary patches for 
dispersers. For the area-sensitive yellow robin (Zanette, 2000), the greater 
and more varied patches at the fringe offered more locations suitable for 
mated pairs to establish territories and successfully breed. 
Across the entirety of the urban-forest gradient, the longest and most 
contiguous habitat connections were constrained to narrow riparian strips. 
Lateral connections across the urban landscape appeared to be non-existent. 
Fortunately, riparian corridors have been largely unsuitable for development 
in Melbourne and are recognised as providing environmental, social and 
cultural benefits. Consequently, urban riparian vegetation provided a ribbon-
like connectivity networks of suitable habitat throughout the urban 
landscape. Such contiguity between habitat patches is critically important to 
ensure genetic mixing, and reduces the extinction risks associated with 
stochastic events (Kuussaari et al., 2009).  
Presence of riparian vegetation was also a key determinant of the likelihood 
of occurrence of yellow robins and, therefore, landscape habitat availability. 
This is consistent with global patterns of the key role riparian areas play in 
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supporting high levels of avian diversity (Pennington et al., 2008). In 
Australia, several examples demonstrate higher species richness, diversity 
and abundance in the riparian bird communities in a range of non- and peri-
urban environments (Palmer & Bennett, 2006; Stagoll et al., 2010).  
The composition of the matrix surrounding habitat patches is critical in 
determining what woodland bird species persist in urban landscapes (Palmer 
et al., 2008; Watson et al., 2005; White et al., 2005) and has a significant 
effect on landscape connectivity by affecting dispersal success, gap -crossing 
and movement behaviour (Hodgson et al., 2007; Prevedello & Vieira, 2010). 
Across the entire gradient, the matrix was infused with single pixels (i.e. 
10 × 10 m) of suitable habitat which, given the size, are likely to be single 
trees. Landscape tree cover may be crucial for woodland-dependent birds and 
these single trees may be critical for dispersal. Thus, while previous authors 
have suggested that scattered trees are not the preferred dispersal mechanism 
for yellow robins and other species (Doerr et al., 2011), there is evidence that 
yellow robins may use paddock trees for dispersal in some fragmented 
landscapes (Debus & Ford, 2012). 
Our model indicated that an intermediate range of NDVI or ‘greenness’ was 
optimal. NDVI can be used to represent several ecosystem attributes such as 
vegetation condition and/or productivity (i.e. biomass). Adopting the latter 
interpretation, that NDVI represents vegetation productivity, it follows that 
higher productivity sites are likely to be favourable to a species sensitive to 
food availability (Watson, 2011; Zanette et al., 2000), because these sites will 
produce more food. This is a straightforward explanation equating vegetation 
productivity to arthropod abundance. Similarly, vegetation productivity often 
correlates with plant diversity (Reed et al., 1994). Higher plant diversity 
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usually provides a greater variety of vegetation structural components, which 
is also likely to be favourable to small ground-foraging species. For example, 
shrub cover provides more foraging substrates, suitable nest sites and 
predator protection than tree cover alone (Debus, 2006). Yellow robin 
nesting attempts are known to be more successful in habitat with more shrubs 
and rough-barked saplings, and when surrounded by more structurally 
complex vegetation (Debus, 2006a; Ford, 2011). However, the relationship 
between NDVI and the likelihood of occurrence of yellow robins was not 
simply a positive linear one, thus, a more sophisticated explanation is 
warranted. 
Assuming a positive relationship between NDVI and plant species richness 
(one of several possible relationships; Mittelbach, 2010), our model 
suggested that extremely high species richness and productivity was not ideal 
for the yellow robin, rather, an intermediate biomass and diversity of plant 
species was optimal.  The unimodal relationship between NDVI and the 
likelihood of occurrence of yellow robins can be explained by the yellow 
robin’s perch-pounce foraging strategy. Eastern Yellow Robins like their 
congeners, Western Yellow Robins, perch on a low substrate (e.g. branch or 
trunk, at around 1.5 – 2 m) to search for prey and once a suitable organism is 
located they drop down to take the prey organism from the ground or low 
vegetation (Cousin, 2003). Where vegetation productivity is high, and the 
ground obscured by thick shrubs and other vegetation, foraging opportunities 
for robins are reduced. Locations with dense understory shrubs or grasses 
are, therefore, usually avoided by yellow robins (Chapman & Harrington, 




Urbanisation is now one of the most profound threats to biodiversity 
worldwide. Yet, our capacity to incorporate biodiversity-sensitive urban 
design into the development of our cities has improved little and biodiversity 
in cities continues to decline. In part, this is because we lack an in-depth 
understanding about what features constitute suitable habitat at a landscape-
scale and consequent lack of appropriate prioritisation of ‘green space’ 
preservation for conservation purposes at the landscape-scale. Here, we 
studied a single species, but we chose a species that is representative of 
woodland-dependent species in south-eastern Australia (Watson et al., 
2001), and our results have clear implications for heterospecifics.  
We demonstrated the negative effects of urbanisation on habitat availability 
and structural connectivity for yellow robins in Melbourne, Australia. The 
reduced connectivity of the urban centre is likely to have serious 
consequences for dispersal. To remedy this and to ensure that yellow robins 
and other woodland-dependent species continue to occupy urban 
environments, a mixed approach is critical. Scattered trees should be retained 
and where possible tree cover in surrounding areas restored. It is crucial that 
large patches of continuous tree cover are protected, and gaps in tree cover 
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Flight feathers of an Eastern Yellow Robin  
captured for genetic sampling 





The use of feathers to obtain DNA from birds is becoming routine, 
particularly as an alternative source of DNA when taking blood samples is 
unviable or undesirable. However, many report quantity and quality related 
issues, which are more evident when using feathers from small birds (< 60 
g), especially when isolating DNA from small feathers such as non-remige 
(flight) or non-rectrice (tail) feathers. We explored the feasibility of obtaining 
DNA from a combination of low DNA yielding contour, semi-plume and 
down feathers for use with microsatellite markers in a small woodland 
passerine species, the Eastern Yellow Robin (Eopsaltria australis). We 
developed 10 novel species-specific microsatellite markers and tested the 
viability of DNA isolated from plucked small feather samples. Our 10 
markers were adequate to identify individuals and will be useful in studies of 
reproductive ecology, population genetics and gene flow in Eastern Yellow 
Robins. We demonstrate that DNA isolated from plucked non-flight and non-
tail feathers in small birds can provide reliable genotypic data, especially if 
shorter-fragment markers are selected. We advocate taking blood and feather 
samples from a subset of birds in any field sampling campaign to enable 
researchers to optimise their DNA isolation methods to produce comparable 
genetic outcomes from both sources. This approach will maximise genetic 
sample sizes by enabling field researchers to obtain suitable genetic samples 
in situations where they are not confident or trained in taking blood. 
3.2. Introduction 
With recent advances in molecular technologies, the use of DNA-based 
methods is increasingly routine in studies of birds. In particular, population 
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genetic data are complementing demographic and other data in advancing 
our understanding of the consequences of habitat disturbance on birds, such 
as assessing gene flow across fragmented habitats (Sunnucks, 2011). 
Microsatellite markers are especially versatile and are now routinely used to 
assess reproductive ecology, population structure and dispersal in birds 
(Hogan et al., 2012). Genotypic data obtained from microsatellite loci can 
provide DNA profiles that unequivocally identify individuals. The growing 
prominence of genetic studies means sourcing cost-effective DNA is a 
critical need, and innovations in sampling biological material for the 
purposes of obtaining DNA is the subject of substantial interest (Smart et al., 
2016).  
DNA for profiling can be obtained from various sources, e.g. feather, muscle 
or blood. Blood is often the sample of choice as the red blood cells in birds 
are nucleated, providing a source of abundant high-quality DNA (McDonald 
& Griffith, 2012; Sunnucks, 2011). Blood extraction often involves 
puncturing the brachial, femoral or jugular veins with a small needle to take 
a volume which represents ≤ 1% of body mass (Sheldon et al., 2008). Feather 
sampling represents an alternative to blood sampling and feathers can be 
collected from captured birds or from the environment in a non-invasive 
fashion. Feathers have presented a viable alternative source of DNA for many 
years, however, they generally provide a DNA yield around 11 times less 
than blood (Mukesh et al., 2011) with a variety of associated issues. 
Principally, the low quality and quantity of DNA extracted from feathers can 
result in genotyping errors and incorrect assignment of individuals (Taberlet 
et al., 1999; Taberlet & Luikart, 1999), although the rate of these errors varies 
considerably depending on a range of factors, including how the feather was 
collected and stored, the age of the feather and the isolation technique.  
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To reduce the rate of genotyping errors, several authors have suggested 
feather DNA isolation protocols (Bello et al., 2001; Jensen et al., 2003) and 
made recommendations for optimising DNA isolation from differently 
sourced feathers, e.g. plucked (Brady et al., 2009; Mukesh et al., 2011), 
moulted (Hogan et al., 2008; Segelbacher, 2002) and historical specimens 
(Sefc et al., 2003). To date, protocols and recommendations have most often 
related to larger species and feathers with greater amounts of tissue in the 
calamus, i.e. remige (flight) and rectrice (tail) feathers, or specifically 
recommend using these larger feathers in small species (Harvey et al., 2006; 
Smith et al., 2003).  
In wild birds, the removal of tail and flight feathers may have physiological 
or metabolic costs and could also negatively impact critical functions such as 
flight performance and thus ability to escape danger and attractiveness 
(McDonald & Griffith, 2011). It is plausible that smaller body feathers 
plucked at the time of capture may provide an alternative source of DNA that 
could be less invasive for small birds, however, there are very few studies 
that use small body feathers in small birds and none that systematically 
explore the potential viability of this alternative DNA source for population 
genetic studies.  
We reviewed 784 articles arising from a search in Scopus using the terms 
‘feather’ and ‘DNA’. Figure 3.1 provides a schematic representation of our 
review (search conducted 27 April 2015). Of the 784 articles, only 132 used 
DNA isolated from feathers. Of those, the majority (71 %) used feathers from 
large species (e.g. chickens, hawks) and almost a quarter (23 %) studied 
medium-sized species (e.g. pigeons, parrots). Only 15 of the 132 articles used 
feathers from small bird species (we classified ‘small’ species as weighing 
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on average < 60 g). Only four articles specifically reported using feathers 
other than flight or tail feathers, with no consistency in genotyping error rate 
reporting.  
 
Figure 3.1 Schematic representation of the results of our literature review. Generic 
birds indicate small, medium and large sized species and the percentage of the 132 
articles that used DNA isolated from feathers of a species (or several species) 
within each size class. The total percentage exceeds 100 % because eight articles 
studied several species of different size classes. For small birds, values are 
provided to indicate how many of the 15 articles that studied small species used: a) 
body feathers (terms included ‘down’, ‘breast’ or ‘flank’), b) larger flight/tail 
feathers, or c) did not specify which feathers were used. 
We aimed to test whether small body feathers from small birds can provide 
a viable source of DNA, compared to blood sampling. We hypothesised that 
DNA isolated from small body feathers from a small bird would have higher 
rates of genotyping errors when compared to DNA isolated from blood. 
Using a model small passerine species, the Eastern Yellow Robin (Eopsaltria 
australis), we developed a suite of microsatellite markers that could be useful 
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for population genetic studies and investigated any differences in how these 
markers amplified using DNA extracted from blood and small plucked 
feathers. We make recommendations to improve the utility of small body 
feathers from small birds as a potential source of DNA for population genetic 
studies. 
3.3. Methods 
3.3.1. Study species 
The Eastern Yellow Robin (subsequently ‘yellow robin’) is a small (14.8 - 
30.0 g; Dunning 2007) ground-foraging, insectivorous passerine, endemic to 
eastern Australia. It is non-migratory and locally common but only within 
forest and woodland which comprises optimal habitat cover and structural 
characteristics (e.g. tree cover, Radford et al., 2005; litter depth, Sitters et al., 
2014). Several studies have demonstrated its susceptibility to anthropogenic 
disturbances (e.g. urbanisation, Trollope et al. 2009; agriculture, Harrisson 
et al. 2012; fire, Sitters et al. 2014), and it is considered a model species for 
exploring the genetic consequences of a range of habitat disturbances on 
woodland passerines (Amos et al., 2014; Watson et al., 2001). 
3.3.2. Sample collection and DNA isolation 
We collected DNA samples during a three-year capture-mark program 
(2011 – 2013) in eastern Melbourne, Australia. Our study area consisted of 
several urban and urban-fringe forest reserves located within a 17 km radius 
of 37.854 °S, 145.209 °E. Using either mist-nets or bow-traps, 120 individual 
yellow robins were captured. DNA samples were obtained at the time of 
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capture and each bird was released after being fitted with a unique 
combination of coloured leg bands.   
Approximately 70 µL of blood was taken from the brachial vein of 86 of the 
120 birds sampled. blood was immediately fixed on a Whatman FTA blood 
card. Feather samples were taken from 57 of the 120 birds, resulting in blood 
and feather samples for 23 individuals, feather only samples for 34 
individuals and blood only samples for 63 individuals. Feather samples 
consisted of five plucked breast feathers (generally contour or semi-plume 
feathers). down feathers released during handling were also collected. 
Representative examples of feathers collected are shown in Figure 3.2. 
Feathers and blood cards were placed in separate envelopes and stored in dry 




Figure 3.2 Examples of feathers from yellow robins used in this study indicating 
the size, particularly the very small tip (calamus). 
We used the QIAGEN DNeasy blood and tissue kit (QIAGEN Inc., Valencia, 
California) to isolate DNA from blood and feathers. A small piece (approx. 
2 x 2 mm) of blood -soaked card was used for blood extractions following 
the manufacturer’s protocol. The feathers sampled in this study were much 
smaller than those described in the manufacturer’s protocol (for small birds, 
primary wing or tail feathers were recommended, cut to 20 - 50 mm long), or 
commonly used and recommended in other studies (e.g. Bello et al. 2001; 5 
- 10 mm cut tip). Our feather samples had tips (calami) < 2 mm in length 
(Figure 3.2), thus, to maximise potential DNA yield, we placed five entire 
feathers from a single individual in a 1.5 mL tube, arranged so that the tips 
were orientated towards the bottom of the tube. We found that by maintaining 
the feathers whole the tips were more likely to remain immersed for the 
duration of the lysis phase. We incubated these for at least 16 hours. DNA 
yield was quantified using a Qubit 2.0 fluorometer (ThermoFisher Scientific, 
USA) which uses fluorochromes specifically binding dsDNA. 
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3.3.3. Species-specific microsatellite marker development 
We isolated genomic DNA (1 µg) from two yellow robins. Shotgun 
sequencing on a Titanium GS-FLX (454 Life Sciences/Roche FLX) was 
conducted by Australian Genomic Research Facility (AGRF). The program 
QDD v. 2 (Meglécz et al., 2010) was used to screen raw sequences with ≥ 
eight di-, tetra- or penta-base repeats, remove redundant sequences, and 
design primers (automated in QDD using PRIMER3, Rozen & Skaletsky, 
1999) for 1076 loci with PCR product lengths of between 80 and 480 base 
pairs. We trialled 39 of these loci and, based on the criteria outlined in 
Gardner et al. (2011), decided on 10 loci for further use. These loci contained 
microsatellites with more than eight repeats, tetra- and pentanucleotide loci 
for ease of scoring, supplemented with dinucleotides to allow more complete 
utility of the capillary fragment separation range (Table 3.1).  
We determined sex using the bird sex‐typing P2/P8 primer set, which 
distinguishes between sex based on a difference in size between amplicons 
of CHD‐Z and CHD‐W genes (Griffiths et al., 1998). Size differences 
between the CHD-W and CHD-Z homologues were scored according to 
Pavlova et al. (2013) who detected polymorphism within the CHD gene of 
the yellow robin. To characterise the markers, the 10 microsatellite loci, 
together with the P2/P8 primer pair were labelled with a single fluorescent 
tag: FAM (GeneWorks), NED, PET or VIC (Applied Biosystems) (Table 
3.1). Genotyping was carried out on an AB3730 capillary sequencer and 
analysed using GENEMAPPER v 3.7 software (Applied Biosystems) by 
AGRF.   
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Microsatellite polymorphism was detected by genotyping 86 blood samples. 
The number of alleles, observed and expected heterozygosity, polymorphic 
information content (PIC) and estimated null allele frequencies for each locus 
was determined using CERVUS v 3.0.7 (Kalinowski et al., 2007). Deviation 
from Hardy-Weinberg Equilibrium (HWE) was tested using GENEPOP v 4.3 
(Raymond & Rousset, 1995) and MICROCHECKER v 2.2.3 (van 
Oosterhoot et al., 2004) was used to check each locus for evidence of null 
alleles, scoring error due to stuttering, and large allele drop out. We checked 
all pairs of loci for linkage disequilibrium in GENEPOP and p-values were 
adjusted for multiple tests of significance using the sequential Bonferroni 
method (Hochberg, 1988). We used GENALEX v 6.501 (Peakall & Smouse, 
2012) to estimate the probability of identity (PID) for increasing locus 
combinations. We estimated both PID (that two individuals would share the 
same genotype) and the probability that full siblings would have identical 
multi-locus genotypes (PSIB). 
3.3.4. Genotyping errors 
Following the recommendations outlined in Pompanon et al. (2005), we used 
genotypic data from three datasets to check for genotyping errors in our 
sample set. Calculations were conducted to determine: 1) whether the 10 
microsatellite loci chosen were susceptible to genotyping errors in high 
quality samples, such as blood; 2) the minimum number of PCR replications 
required to obtain reliable genotypes in low quality samples such as feathers 
and 3) using the results of 2) to conduct a test of our hypothesis that reliable 
genetic data can be isolated from feathers other than flight or tail feathers in 
small birds. Consistent with the genotyping for our marker development, 
genotyping of all samples was carried out by AGRF.  
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For the first data set, DNA isolated from blood samples from 20 randomly 
chosen individuals were genotyped in duplicate. Error rates for the genotypic 
data were calculated using GIMLET v 1.3.3 (Valière, 2002). The second 
dataset consisted of 12 individuals where DNA was isolated from both 
feather and blood samples. We used this dataset to calculate the minimum 
number of PCR replications required to obtain a reliable genotype. Here, 
DNA isolated from the 12 feather samples was amplified six times using 
PCR, for the 10 microsatellite loci. We calculated the false allele and allelic 
dropout error rates in GIMLET using data generated from the PCR and data 
derived from the corresponding blood sample was used as a verification 
genotype. GIMLET was then used to derive independent consensus 
genotypes for each individual and allelic frequencies for each locus were 
generated with CONVERT v 1.31 (Glaubitz, 2004).  The PCR Repetition 
Batch module of GEMINI was used to conduct a simulation and estimate the 
minimum number of PCR replicates required for correct individual 
identification from small feather samples using the calculated allele 
frequencies and false allele and allelic dropout rates. 
We generated replicate simulations (n = 250) using hypothetical populations 
consisting of 20 individuals, taking 50 samples (with replication) on one 
sampling occasion. We ran simulations for 1 to 10 replications with the 
genotyping threshold for consensus set to 2. Based on the simulation results 
from the second dataset, we genotyped the remaining 45 feather samples with 
the number of PCR replications required for > 99 % correct individual 
identification. We then calculated the genotyping errors for each locus across 
PCR replications. This dataset was used to test our hypothesis that reliable 
genetic data can be isolated from small feathers plucked from small birds. 
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To explore a variety of possible causes of genotyping errors in the feather 
DNA samples, we used R v 3.0.2 (R Core Team, 2013) to fit simple linear 
regressions of PCR amplification success for all feather DNA samples 
against: a) the number of feathers used, b) the age of the sample feathers 
(days stored), c) DNA concentration and d) the marker fragment length 
(motif  repeats). We also fitted regressions with marker fragment length as 
a predictor of both: a) allelic dropout and b) false allele rates. 
3.4. Results 
3.4.1. Microsatellite marker characterisation 
Characterisation of the 10 microsatellite loci using the 86 blood samples 
indicated that this suite of loci is useful for providing genotypic data for 
population genetic studies of the yellow robin. The mean number of alleles 
per locus was 8.9, observed and expected heterozygosity was 0.65 and 0.67 
respectively, and polymorphic information content of 0.62 (Table 3.1). Two 
loci deviated from Hardy–Weinberg Equilibrium (HWE), Ea_10 and Ea_24. 
Deviation from HWE in Ea_10 and Ea_24 was not explained by the presence 
of null alleles and neither loci were sex linked. Deviation from HWE here 
could be due to the Wahlund effect, suggesting population substructure in the 
sample. No pairs of loci, including the sex markers, were significantly linked 




Table 3.1 Characterisation of polymorphic loci. Primer sequences, repeat motif and diversity characteristics of 11 microsatellite loci from the yellow 
robin. N, sample size; ‘Size range’, allele size range; Na, number of alleles; Ho and He, observed and expected heterozygosity respectively; PIC, 
polymorphic information content; NA freq., null allele frequency; HWE, Hardy–Weinberg Equilibrium; *, significant deviation from HWE; Repeat 
motif indicates the number of repeats in the sequence used for development. Superscripts F, N, V, and P in the ‘Locus’ column indicate that forward 
primers were 5’ labelled with the dyes 6-FAM, NED, VIC and PET respectively. 
Locus  Primer sequence (5ʹ–3ʹ) Repeat motif N Size range Na Ho He PIC NA freq. HWE p 
Ea_1F F: ACGACGTTGTAAAATCCATAATACTCTCTTAAGGCCC (AT)8 86 347-355 5 0.64 0.642 0.572 0.0046 0.6558 
 R: CATTAAGTTCCCATTAACCAGCCATTCCTGCTACAA          
Ea_5P F: ACGACGTTGTAAAAGGGCAGATCCATCTCCTAGA (AAGGC)11 86 199-227 2 0.337 0.41 0.324 0.0943 0.1150 
 R: CATTAAGTTCCCATTAAAATGTCACCTAGCAGGCCA          
Ea_9F F: ACGACGTTGTAAAAAAACCCTTCCTGTACCACTATTT (AGAGT)8 86 195-205 6 0.651 0.703 0.641 0.0349 0.5075 
 R: CATTAAGTTCCCATTAAGCCCAAGGTGGATGGTAAT          
Ea_10 N F: ACGACGTTGTAAAACAGATTCAGTTGCTTACCAGAGC (AG)8 85 174-235 20 0.906 0.894 0.881 -0.0103 0.0007* 
 R: CATTAAGTTCCCATTAAACAGGGTAACCTTCTGTGGAA          
Ea_14 V F: ACGACGTTGTAAAACTGCAATGTGAGATCACAACC (AGGT)11 86 171-179 5 0.453 0.485 0.444 0.0155 0.6730 
 R: CATTAAGTTCCCATTATGCTGTTACACAAACCAAGCC          
Ea_18 F F: ACGACGTTGTAAAAAGCACTATTAGAGACCGTGGG (AT)9 86 152-162 5 0.465 0.531 0.417 0.0639 0.3749 
 R: CATTAAGTTCCCATTAGCTCAAGCATGGAAATTTGG          
Ea_24 P F: ACGACGTTGTAAAAAAATCCCAATAGTGGCAAATAAA (AGGGT)12 84 107-162 20 0.881 0.935 0.925 0.0263 0.0245* 
 R: CATTAAGTTCCCATTAGCCTTTGTTCTTTCTTACAACCA          
Ea_26 V F: ACGACGTTGTAAAAGTTAATGAAGGAGGGTGGGC (AT)9 86 117-143 10 0.744 0.731 0.68 -0.0100 0.8480 
 R: CATTAAGTTCCCATTATTCAGGCTTCAACTGGCTTC          
Ea_30 N F: ACGACGTTGTAAAATCTGTGCTGCCAGATAGACAA (AAAAT)12 86 92-137 9 0.663 0.718 0.678 0.0362 0.7159 
 R: CATTAAGTTCCCATTATGCATGAGGCTTCATTTCAG          
Ea_33 F F: ACGACGTTGTAAAAAAATGAAACATTGAGGAACCA (AC)17 86 102-137 7 0.709 0.686 0.653 -0.0318 0.1894 
 R: CATTAAGTTCCCATTATGCTCAATAGGATTGAAATACAGTCT          
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3.4.2. Genotyping errors 
For the 20 blood samples that we genotyped in duplicate, average 
amplification success across the 10 microsatellite markers and P2/P8 marker 
was 99.1 % (Table 3.2). Of the 10 markers, two loci Ea_10 and Ea_24 
showed evidence of allelic dropout (7.5 % and 6.3 % respectively). None of 
the markers demonstrated false alleles. 
The 12 feather samples that were genotyped six times had a high average 
amplification success (98.0 %) across all markers (Table 3.2). Average 
allelic dropout across all markers was less than 1 % and there were no false 
alleles detected (Table 3.2). There was some evidence (8.3 %) of allelic 
dropout in the P2/P8 marker. Based on simulations in GEMINI three PCR 
replicates would be required for 99.97% correct individual identification of 
birds from feather samples.  
The remaining 45 feathers samples, which were genotyped three times, had 
an average of 97.7 % amplification success across the 10 microsatellite loci. 
There was evidence of allelic dropout and false alleles, but no locus had an 







Table 3.2 Error rates of genotyped blood and feather samples for three datasets: 1) 20 randomly selected blood samples that were independently 
genotyped twice, 2) 12 feather samples that were genotyped six times, and 3) 45 remaining feather samples that were genotyped three times. 
Amplification success, allelic dropout and false allele rate of the 10 microsatellite marker loci and P2/P8 sexing markers. Means were averaged across 
loci. 
 1) Blood samples  
n = 20, PCR = 2 
2) Feather samples  
n = 12, PCR = 6 
3) Feather samples  














Ea_1 100 0 0 97 2.1 0 97 2.2 0 
Ea_5 100 0 0 99 0 0 99 0 0 
Ea_9 98 0 0 100 0 0 96 1.3 1.5 
Ea_10 95 7.5 0 93 0 0 98 0 0 
Ea_14 100 0 0 100 0 0 99 1.3 0 
Ea_18 100 0 0 97 0 0 98 1.4 0 
Ea_24 100 6.3 0 93 0 0 97 1.6 0 
Ea_26 98 0 0 100 0 0 100 0 0 
Ea_30 98 0 0 100 0 0 100 1.2 0 
Ea_33 100 0 0 100 0 0 100 0 0 
P2/P8 100 5.6 0 99 8.3 0 91 1.4 2.1 
Mean 99.1 1.8 0 
 
98.0 0.9 0 97.7 0.9 0.3 
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The range in concentration of total content DNA in the feather samples was 
0.0186 – 7.74 ng/µL (average 0.6144 ng/µL). Across all 57 feather samples, 
there was no relationship between amplification success (percentage of 
positive PCR) and sample age (days stored; p = 0.378), number of feathers 
used (p = 0.096) or DNA concentration (0.391). We demonstrated a slight 
negative relationship between maximum allele size and amplification success 
across the loci (β = -0.0167, p = 0.031, R2 = 0.418) and a slight positive effect 
on allelic dropout (β = 0.0077, p = 0.015, R2 = 0.501) but no significant 
relationship with the rate of false alleles (p = 0.088). This suggests that 
shorter target microsatellites are less prone to amplification errors. 
3.5. Discussion 
We developed 10 novel species-specific microsatellite loci with utility for 
population genetic studies on the yellow robin and used these markers to test 
the hypothesis that reliable genetic data can be obtained from feathers other 
than flight or tail feathers in small birds. Our results illustrate that these loci 
are sufficient to provide unequivocal identification of individuals and will be 
useful for inferring information about the reproductive ecology, population 
genetics and gene flow amongst and within yellow robin populations 
(probability of identity PID for the 10 loci was 4.8 × 10
-10
 and PSIB of 
3.2 × 10-4). 
There is no doubt that blood is likely to remain the predominant source of 
DNA for avian genetic research. However, our results indicate that small 
plucked feathers from small birds can provide a useful alternative or 
complementary source of DNA. We demonstrated that DNA sourced from 
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small feathers in small birds can provide comparable genetic outcomes to 
those produced from DNA derived from blood. Why are feathers able to lead 
to similar genetic outcomes when compared to blood? Unlike in mammals, 
bird blood cells are nucleated, which means that small amounts of blood are 
sufficient to obtain high quality DNA. Within feathers there is a blood clot 
in the superior umbilicus with the blood cells contained within the clot 
providing a source of DNA (Horváth et al., 2005). While the blood clot may 
be only tiny in small feathers, it can provide sufficient DNA particularly 
when multiple feathers are used. It is likely that this is the reason the 
genotyping error rates we obtained from feather-sourced DNA in this study 
were comparable to the rates we obtained from blood-sourced DNA. 
We optimised our DNA isolation protocol by using entire feathers, which 
made it easier to ensure that the feather tips, in particular the portion of the 
tip that contains the blood clot, were immersed for the duration of the 
digestion phase. To ensure this did not negatively impact our DNA yield, we 
minimised the amount of solution ensnared in the feather barbs by gently 
centrifuging to draw the DNA containing liquid down. We also explored the 
influence of other possible optimisations. Our results indicated that allele size 
was related to PCR amplification success and allelic dropout rate. Larger 
alleles were linked to lowered success and increased dropout. Commonly in 
samples containing degraded DNA, increases in marker length of 100 b.p. 
significantly affect amplification success and genotyping errors (Broquet et 
al., 2007). When sourcing DNA from feathers, we therefore suggest careful 




We acknowledge that blood is the primary source of DNA samples in birds. 
However, under certain circumstances (e.g. where specifically trained 
personnel are unavailable or where species-specific welfare concerns exist), 
small feather samples may be the preferred sampling option. Should small 
feathers be selected as the preferred sampling technique, we recommend 
taking blood and feathers from a subset of birds to allow for validation of 
protocols for extracting feather DNA and determining the number of 
replications that need to be run to produce the same outcomes as those from 
blood. Rather than birds being released without genetic sampling, we suggest 
small-feather sampling could help increase sample sizes and/or increase 
















Urbanisation impacts gene flow in a small 
woodland bird species: tree cover 








A juvenile Eastern Yellow Robin captured during  





Expansive and growing urban development almost certainly fragments the 
populations of many urban-dwelling wildlife species, making the effects of 
urbanisation on gene flow for urban-sensitive organisms an essential research 
focus. We use a landscape genetics approach to assess whether urbanisation 
influences functional connectivity for a woodland-dependent and urban-
sensitive species, the Eastern Yellow Robin (Eopsaltria australis). We 
genotyped 120 individuals sampled across the urban-forest gradient using ten 
species-specific microsatellite loci. We tested several spatially-explicit 
isolation-by-landscape-resistance models of gene flow. There was 
compelling evidence for isolation-by-resistance and the response was 
strongly sex-specific. Reduced genetic connectivity was demonstrably 
caused by fragmentation of tree cover alone, although fragmentation of 
modelled habitat (a narrower landscape category than tree cover) was a 
plausible alternative explanation. Our results indicate a more convincing 
response in a landscape fragmented by urbanisation than has been previously 
found from agricultural fragmentation, and the urban matrix may be less 
permeable. To improve the viability of this species in urban areas, landscape 
connectivity must be enhanced through increased tree cover, cover which 





Urbanisation is a land-use change that causes radical ecological 
transformation (Groffman et al., 2014). The extreme and largely irreversible 
changes occur rapidly and have tremendous implications for biodiversity, 
resulting in loss of species and biotic homogenisation in many regions around 
the globe (Clergeau et al., 2006; Devictor et al., 2007; McKinney, 2006). A 
primary mechanism for local species extinction in urban areas is widespread 
and permanent loss and fragmentation of habitat, which has profound 
consequences for organisms’ movement and dispersal patterns. Urbanisation 
affects the amount of habitat in the landscape, habitat patchiness, habitat 
permanence and the quality of the intervening matrix (non-habitat). These 
impacts are common in many novel landscapes, but the urbanisation process 
results in uniquely permanent habitat fragmentation. 
Highly fragmented habitat embedded within a low quality matrix promotes 
non-optimal movement of individuals around urban landscapes, which 
affects dispersal and migration and results in population-level consequences 
(Fahrig, 2007). The capacity to exchange individuals and genes among 
patches across landscapes is often critical for long-term population viability 
(Crooks & Sanjayan, 2006). Landscape configuration and matrix 
composition affect movement dynamics and dispersal success, which have 
profound consequences for both demographic and genetic connectivity 
(Richardson et al., 2016; Storfer et al., 2010). Physically and genetically 
isolated meta-populations suffer from elevated levels of inbreeding 
depression, reduced genetic variation, genetic drift, and loss of evolutionary 
potential that ultimately increase the likelihood of meta-population extinction 
(Frankham, 2006). Many species in urban environments are likely to become 
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locally extirpated, while many others may become trapped and isolated in 
habitat patches within an inhospitable urban matrix. 
These effects, however, are potentially reversible if genetic connectivity can 
be restored (e.g. Jangjoo et al., 2016). Optimising genetic connectivity in 
fragmented landscapes, via improvements to movement pathways to and 
from isolated patches, can increase the probability of recolonising vacant 
habitat patches, which augments population densities and reduces the 
incidence of genetic drift and inbreeding (Amos et al., 2014). The question 
arises, however: how can the genetic connectivity of highly fragmented 
landscapes be optimised where we have an incomplete understanding of 
movement pathways?  
Dispersal is difficult to monitor directly, and rare but functionally important 
long-distance dispersal events are extremely challenging to document even 
with intensive monitoring (Morales & Ellner, 2002). Furthermore, movement 
data alone provide imperfect information about the population genetic 
consequences of altered patterns of dispersal and gene flow. The recent 
emergence of landscape genetics, a field that combines population genetics 
with landscape ecology, has allowed the exploration of the effects of different 
landscape features on genetic connectivity, enabling better-informed on-
ground conservation actions aimed at enhancing connectivity. Genetic 
differentiation between groups of individuals can be used to make inferences 
about the degree of isolation, which in turn can be related to landscape 
characteristics that may impact connectivity (Manel et al., 2003; Wagner & 
Fortin, 2012). In a general sense, landscape genetics identifies spatially 
explicit features that influence gene flow within and between populations.  
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With the reducing cost of genetic sequencing techniques and the 
development of sophisticated methods for modelling landscape connectivity 
in GIS frameworks, the field of landscape genetics has grown rapidly. 
However, the more studies that are published, the clearer it becomes that 
landscape fragmentation has varied effects on different taxa, thus, there is no 
universal solution to the impacts of fragmentation on organisms. Corridor 
design or fragmentation-reversal efforts need to accommodate a diversity of 
species’ requirements. Despite the surge in the number of landscape genetics 
studies, to date many have targeted small populations of threatened taxa and 
limited studies have addressed the genetic consequences associated with 
intense urbanisation (Manel & Holderegger, 2013).  
Here, we investigate the genetic connectivity of a well-studied, common and 
widespread south-eastern Australian passerine, Eastern Yellow Robin 
(Eopsaltria australis; hereafter ‘yellow robin’) across an urban-forest 
gradient in eastern Melbourne, Australia. In Melbourne, woodland birds 





 centuries, with several species now locally extinct (Loyn & Menkhorst, 
2011). Yellow robins persist across the urban-forest landscape but are 
sensitive to urbanisation and are less likely to occur in small woodland 
reserves where the surrounding intensity of urbanisation is high (Trollope et 
al., 2009). Local yellow robin sub-populations within Melbourne's urban 
landscape are, therefore, of conservation concern (White et al., 2009).  
At a landscape scale, yellow robin habitat is highly fragmented across the 
urban part of the gradient with unknown genetic consequences (Chapter 2). 
Movement patterns of the yellow robin have been characterised as similar to 
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those of other woodland species (Doerr et al., 2011; Watson et al., 2001), 
thus it is an appropriate model species for exploring the consequences of 
urbanisation on genetic connectivity in ground-foraging woodland birds. In 
particular, yellow robins exhibit the female-biased dispersal common among 
woodland birds (Debus & Ford, 2012; Harrisson et al., 2012), suggesting that 
connectivity may be mediated by sex. The study species is adversely 
impacted by habitat fragmentation in agricultural environments both in terms 
of population demography (Debus & Ford, 2012; Harrisson et al., 2012; 
Palmer et al., 2008; Zanette, 2000) and genetics (Amos et al., 2014).  
Using the yellow robin as a model species, we examine the genetic impacts 
of urbanisation by utilising a landscape genetics approach. We tested three 
primary hypotheses. First, the landscape across the urban-forest gradient in 
Melbourne affects gene flow in yellow robins. Second, gene flow is restricted 
by habitat availability across the urban-forest gradient. Third, that there is a 
sex-bias in the effect of the urban-forest gradient on gene flow. Because this 
species is urban-sensitive, we predicted that urban land-cover (i.e. 
impervious surfaces) would be a movement barrier and have a strongly 
negative impact on gene flow.  
Yellow robin habitat is highly fragmented across the urbanisation gradient 
(Chapter 2) so we predicted that the configuration and availability of 
modelled yellow robin habitat would have the strongest influence on gene 
flow. In this paper, we use the term ‘habitat’ to refer to the component of the 
urban landscape where it is predicted that individuals would normally be able 
to maintain permanent occupancy. Our habitat availability was modelled 
previously in Chapter 2. Further to this, there are large areas of the urban 
landscape where tree cover exists, but this tree cover does not meet all the 
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resource requirements to constitute habitat. We test whether tree cover alone 
provides a better explanatory framework of gene flow, compared to the 
narrower habitat categorisation of the landscape that would suggest 
movement can occur through sub-optimal areas of the landscape. Finally, we 
expected a sex-bias in the fragmentation effects on gene flow because of 
existing evidence of greater philopatry in males and longer dispersal 
distances in females (Amos et al., 2014; Harrisson et al., 2012; Morales et 
al., 2015; Higgins & Peter, 2003). 
4.3. Methods 
4.3.1. Study area 
The study was conducted in the eastern part of greater Melbourne, Australia, 
centred around 37° 50’ S, 145° 10’ E, within a 50 km radius of the central 
business district and encompassing 168,000 hectare (Figure 4.1). The study 
area included a range of environments across an urbanisation gradient, 
incorporating small and large native vegetation patches within the urban 
matrix. Recent and rapid development since European settlement (1836) has 
resulted in a gradient of urbanisation typical of both developed and 
developing cities worldwide, comprising a metropolitan centre transitioning 
to residential suburbia and an eastern fringe dominated by natural woodland, 
forest vegetation and agriculture.  
It is likely that yellow robins occupied a substantial proportion of the study 
area prior to settlement because the predominant natural vegetation of eastern 
Melbourne was suitable i.e., open woodland and forest (Higgins & Peter 
2003; DELWP 2015). Melbourne is a temperate city with a mild climate 
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(mean annual minimum and maximum temperatures are 6.0 °C and 25.9 °C, 
respectively) (BOM, 2015). While housing density remains low-medium 
with 440 people/km
2
, Melbourne has a large population of 4.44 million and 
urbanisation is an ongoing process as the city has the largest population 
growth of all Australian capital cities (ABS, 2015). 
 
Figure 4.1 The study area in eastern Melbourne, Victoria, southern Australia. 
Colours indicate: grey, urban development; pink, grass or agriculture; green, tree 
cover; and blue, waterways and waterbodies. Black circles indicate yellow robin 
capture locations. 
4.3.2. Study species 
The yellow robin is a small (mean ~ 19 g) ground-foraging insectivore that 
is restricted to forest and woodland habitat, with a home range of c. 5-6 
hectare (Debus, 2006b). They establish all-purpose, year-round territories 
and are mainly sedentary or resident (Chan, 2001; Higgins & Peter, 2003). 
Natal dispersal movements are usually initiated soon after reaching 
independence in autumn or winter (Debus, 2006b). Dispersal is strongly 
female-biased (Amos et al., 2014; Morales et al., 2015; Higgins & Peter, 
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2003) with both field observations and population genetic data confirming 
that females disperse significantly further than males (Debus & Ford, 2012; 
Harrisson et al., 2012). The species is tolerant of low-density housing 
(Hodgson et al., 2007) and riparian urban reserves appear to be strongholds 
for the persistence of yellow robins in urban landscapes. 
4.3.3. Field sampling and microsatellite genotyping 
We collected DNA samples from a yellow robin population in eastern 
Melbourne during a three-year capture-mark program, 2011-2013. We used 
either mist-nets or bow-traps to capture 120 individuals at 18 locations 
(Figure 4.1 and Figure 4.5). We took DNA samples (blood or feather) at the 
time of capture and released each bird with a unique combination of coloured 
leg bands.  
DNA was extracted using standard protocols for the QIAGEN DNeasy blood 
and tissue kit (QIAGEN Inc., Valencia, California). Genotyping of all 
samples was performed by Australian Genomic Research Facility for the 
CHD sexing marker (using the allele-length ranges specified by Pavlova et 
al. 2013) and ten species-specific microsatellite markers developed in 
Chapter 3. Marker development and genotyping methods are described in 
Chapter 3. 
We used GENALEX (Peakall & Smouse, 2012) to calculate allele 
frequencies, expected and observed heterozygosity (He, Ho), the probability 
of identity (PID) that two individuals would share the same genotype, and the 
probability that full siblings would have identical multi-locus genotypes 
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(PSIB). If gene flow is reduced across the urban-forest gradient, the number 
of immigrants and unique alleles, and genetic diversity (i.e., allelic diversity 
and heterozygosity) will be low. We also used GENALEX to evaluate 
whether our loci deviated from Hardy–Weinberg equilibrium expectations 
by testing for heterozygote deficiency and linkage disequilibrium.  
Before proceeding further, we performed a parentage analysis because 
including offspring and parents can bias downstream analyses that assumes 
a random sample of unrelated individuals. We used PARENTE (Cercueil et 
al., 2002) to identify maternal and paternal relationships simultaneously 
using the probability of successfully allocating an individual offspring to its 
parents. Identifying both parents simultaneously provides more accurate 
parentage assignments and allows directionality of relationships to be 
inferred, which would not be otherwise possible with our samples because in 
most instances the age of an individual was unknown (Cercueil et al., 2002). 
Furthermore, our data indicated low genetic variability in our study area, so 
searches for a single parent would not reliably differentiate between sibling 
and parent–offspring relationships. We used a conservative threshold, 
excluding all offspring from downstream analyses where the mother-father-
offspring triad was assigned a likelihood of greater than 50 % (P > 0.5).  
4.3.4. Population structure 
The software STRUCTURE (Pritchard et al., 2000) was run with the 
admixture model and correlated allele frequencies using a burn-in of 
1,000,000 iterations followed by 4,000,000 Markov chain Monte Carlo 
(MCMC) iterations for K from 1 to 20. STRUCTURE results were evaluated 
using the R package CORRSIEVE (Campana et al., 2011). The most likely 
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number of clusters (K) was chosen considering mean probabilities for the 
data, where the most likely K has the lowest posterior probability (LnP(D)) 
from high values that have plateaued (Pritchard et al., 2000), and ∆K which 
is based on the rate of change between log probabilities for consecutive 
values of K (Evanno et al., 2005). 
GENELAND (Guillot et al., 2008; Guillot et al., 2012) was used to analyse 
fine-scale population structure across the study area. GENELAND was run 
using a spatial model and correlated allele frequencies. The maximum 
number of populations, K, was set to 20 with 1,000,000 iterations and an 
additional 50,000 burn-in iterations. The thinning parameter was set to 1,000 
and 20 independent runs were carried out. The most likely number of clusters 
inferred by GENELAND and the best model among runs was chosen 
according to the run with the highest average posterior probability, as 
recommended by Guillot et al. (2012). 
4.3.5. Spatial autocorrelation 
Spatial autocorrelation provided insights into the dispersal patterns of yellow 
robins. Five maximum distance classes were defined; 1000, 5000, 10,000, 
20,000 and 40,000 metres, and used to analyse the entire data set, data for 
females only and data for males only. Kinship coefficients (Loiselle et al., 
1995) and the natural logarithm of geographic distance between pairs of 
individuals were calculated in SPAGEDI 1.4 (Hardy & Vekemans, 2002). 
Jack-knifing over loci was used to obtain multi-locus averages and standard 




4.3.6. Landscape models of gene flow 
We modelled gene flow using circuit theory, which uses ‘resistance’ surfaces 
(isolation-by-resistance; McRae, 2006) to assess the influence and 
permeability of different landscape features on movement and consequent 
gene flow in a mobile organism. Circuit models can be used to calculate 
pairwise resistances to gene flow among populations, sites or individuals and 
these models can be tested by correlating the ‘resistance distances’ with an 
empirical measure of gene flow i.e., pairwise genetic distances.  
Resistance distances are calculated based on all possible paths, not simply a 
singular optimal path, and higher values correspond with higher expected 
costs to traverse between sites (McRae, 2006). This can better explain the 
movement of genes over several generations, as might be expected in an 
urban environment, compared with other models of landscape connectivity 
such as ‘least cost’ (McRae et al., 2008b; McRae & Beier, 2007). Unlike least 
cost and other models, circuit theory reflects a random exploration of the 
landscape. This is a biologically appropriate modelling method for yellow 
robins because dispersal usually occurs in the first year (some males will 
remain at the nest to help raise offspring until after their first year) and 
dispersing young robins are likely to make exploratory movements through 
the landscape since they have imperfect knowledge of their surrounds. 
While landscape genetics is a valuable tool for understanding habitat 
fragmentation across landscapes, several issues have naturally arisen with the 
rapid growth of the field. Hypothesis-driven studies, which are analysed in a 
causal framework, are most likely to produce informative results and enable 
convincing evaluations on the effect of landscape patterns on gene flow 
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(Richardson et al., 2016; Storfer et al., 2010). If specific falsifiable 
hypotheses are generated, spurious results are less likely (Segelbacher et al., 
2010). Therefore, we used the causal framework advocated and used by 
Cushman et al. (2013; 2006), concurrently examining multiple plausible 
hypotheses of genetic differentiation, ranging from no spatial structuring (our 
null hypothesis) to several alternative hypotheses representing heterogeneous 
landscape resistance, to enable us to determine the most likely scenario. To 
generate these specific testable falsifiable hypotheses, we further expanded 
our second hypothesis (gene flow is restricted by habitat availability) into 




Table 4.1 The eight specific hypotheses tested. 
Model 
no. 













Dense Medium Scattered None    
Hs0   
Null model, panmixia: no 
significant spatial genetic 
pattern and mobility is 
unrestricted. 
None 




 N/A N/A  N/A N/A N/A N/A N/A N/A N/A 
Hs1 DIST 
Null model, isolation-by-
distance: mobility and gene 
flow restricted by 
geographic distance alone. 
None 
Isolation-by-distance 
significant for model 
Euclidean 
distance 
Generated N/A N/A N/A N/A N/A N/A N/A 
Hs2 UNIFORM None 
Uniform 
surface 
Generated N/A N/A N/A N/A N/A N/A 1 
Hs3 TREE_1 
Isolation-by-resistance: tree 




significant for model 
Tree cover 
Tree layer 20 m 
(Vicmap; DELWP, 
2005) 
1 2 3 4 N/A N/A 5 
Hs4 TREE_2 
Isolation-by-resistance: tree 
cover strongly restricts gene 
flow. 
Strong   1 5 10 50 N/A N/A 100 
Hs5 TREE_URB_1 
Isolation-by-resistance: tree 
cover and urban 
development moderately 





Tree layer 20 m 
(Vicmap; DELWP, 
2005) with urban 




ENVI (Isaac et al., 
2013) 
1 2 3 4 5 N/A 5 
Hs6 TREE_URB_2 
Isolation-by-resistance: tree 
cover and urban 
development strongly 
restrict gene flow. 
Strong   1 5 10 50 100 N/A 100 
Hs7 SDM_BIN_1 
Isolation-by-resistance: 











N/A N/A N/A N/A N/A 1 5 
Hs8 SDM_BIN_2 
Isolation-by-resistance: 
habitat strongly restricts 
gene flow. 





Figure 4.2 The three primary hypotheses (denoted by ‘Group’) and the specific 
hypotheses (as described in Table 4.1) used to test the null (H0) and alternative 
(H1) hypotheses in a causal framework. HS refers to the specific hypotheses, 
which are presented in Table 4.1. 
We constructed a set of landscape resistance surfaces that represented our 
alternative hypotheses and used these to model gene flow and generate 
pairwise resistance distances between our capture locations for each model. 
We then explored the relative strength of the relationship of the effective 
distances with both site-based and individual genetic distances for each 
hypothesis using a series of marginal and partial Mantel correlations. This 
approach also enabled us to consider the scenario where any landscape 
genetic pattern was explained only by ‘isolation-by-distance’ (Rousset, 1997; 
Wright, 1943), an effective null model for our first hypothesis (the landscape 
across the urban-forest gradient in Melbourne affects gene flow in yellow 
robins). We created seven landscape resistance surfaces containing the 
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polygon enclosing the study area, with cells outside of this area assigned a 
‘no data’ value to exclude them from all calculations.  
Landscape surfaces were created according to the following (see Figure 4.3 
and Figure 4.2 and Table 4.1):  
Null model (Figure 4.3a) ‘UNIFORM’ – we created a ‘flat’ surface, where 
all cells had equal resistance. This model is analogous to the ‘isolation-by-
distance’ model, commonly used to explain genetic variation, but which also 
accounts for the finite size of the study area and is more appropriate for 
comparison with other models (Lee-Yaw et al., 2009). We also calculated a 
matrix of simple pairwise Euclidean distances between our capture locations, 
to provide an additional null model.  
Tree cover (Figure 4.3b) ‘TREE’ – two resistance surfaces based on the tree 
cover layer obtained from Vicmap Data (DELWP, 2005) were produced. 
Both surfaces consisted of the tree cover layer classified into four categories, 
dense and medium tree cover, scattered trees and none (after Radford 2005), 
with cell values increasing with decreasing tree cover to either low (5) or 
high (100) resistance values for areas with no tree cover. 
Tree cover and urban (Figure 4.3d) ‘TREE_URB’ – two resistance surfaces 
that further restricted the tree cover surface (Figure 4.3b) by incorporating 
higher resistance values (either 5 or 100) in urban areas, using the land-use 
raster (Figure 4.3c) created by Isaac et al. (2013). The urban component of 
their layer comprised impervious surfaces, which were classified by the 
authors and a land-cover layer produced using Environment for Visualizing 
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4.7 (ENVI 4.7) (Isaac et al., 2013). Urban land-cover was most prolific in the 
north-west and west of our study area, close to the coast and the city centre. 
Modelled habitat (Figure 4.3e) ‘SDM_BIN’ – two resistance surfaces using 
the SDM generated in Chapter 2, which were classified into binary maps that 
identified suitable habitat. Two models were created with low (5) and high 
(100) resistance values for areas not classified as habitat. The SDM 
comprised of several contributing landscape features (in brackets is the 
optimal category or value of each feature); tree cover (dense tree cover), 
classified land-cover (trees and rivers), NDVI or ‘greenness’ (range c. 0.25-
0.4), and presence of riparian vegetation. Using this model, in Chapter 2 we 





Figure 4.3 Layers used to generate models to test hypotheses HS3 – 8 (Table 4.1): 
a) is a uniform layer, where all cells = 1; b) is a tree cover layer, where white is 
dense cover, light grey is medium cover, medium grey is scattered trees and dark 
grey is no trees; c) is a land-use layer (Isaac et al., 2013), where black is 
impervious surfaces, dark grey is tree cover, light grey is agriculture, white is 
water, d) is a combination of b) and c), where white is dense cover, light grey is 
medium cover, medium grey is scattered trees, dark grey is no trees, and black is 
impervious surfaces, and e) is a binary species distribution model, from Chapter 2, 




Each resistance surface was used as input to CIRCUITSCAPE version 4.0 
(Shah & McRae, 2008) and we calculated pairwise resistance distances 
between our 18 capture locations (‘focal nodes’ in CIRCUITSCAPE). Raster 
processing was carried out in ARCGIS version 10.2 (ESRI, 2014) and the 
package RASTER (Hijmans, 2014) in R version 3.0.2 (R Core Team, 2013). 
All raster files were converted to ASCII format before processing. The cell 
size of the ASCII data (10 m) was selected based on source data availability 
(including the SDM) and what we considered most appropriate in 
understanding the functional habitat requirements of yellow robins. 
4.3.7. Model testing and resistance model selection 
We used two measures to confirm the validity of our model predictions; 
individual (genotypic-based), ar (an estimator of genetic differentiation in 
continuous populations, described by Rousset, 2000), and population (allele 
frequency-based) genetic distances, FST (using the method described by 
Weir & Cockerham, 1984). FST reflects differences in allele frequencies that 
take a few generations to accumulate and is appropriate for measuring gene 
flow and population differentiation processes over longer temporal and larger 
spatial scales, while ar is more suited to individual-based, fine-scale 
genotypic analyses (Sunnucks, 2000). We calculated ar between all 
individuals in GENEPOP 4.0 (Raymond & Rousset, 1995). This provided a 
matrix of pairwise genetic differences between all pairs of individuals.  
We calculated pairwise FST between the capture locations using the R 
package HIERFSTAT (Goudet, 2005). We compared two methods for 
calculating FST; the method described by Weir and Cockerham (1984) and 
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that described by Latter (1972). Genetic diversity measures are sensitive to 
small sample sizes and we were only able to capture very small numbers of 
individuals in some of the more isolated locations. Thus, we balanced this 
with the need to maximise our sample size and include as many isolated sites 
as possible and excluded all capture locations where n < 3 in our FST 
calculations. To detect sex-biased gene flow patterns from non-sex-linked 
markers relies on distributions of genotypes, not allele frequencies, so we 
only assessed the sex-bias using ar (Banks & Peakall, 2012). 
We tested all IBR and IBD models using Mantel and partial Mantel 
correlations between pairwise resistances and FST or ar. Determining 
landscape genetic effects typically involves pairwise comparisons of highly 
correlated models, elevating Type I error rates (Cushman & Landguth, 2010). 
Noting the concerns raised by Legendre and Fortin (2010) and Graves et al. 
(2013), marginal and partial Mantel tests remain a valuable method for these 
analyses (Cushman et al., 2013). All tests were performed with 10 000 
permutations in the R package ECODIST version 1.2.7 (Goslee & Urban, 
2007).  
We tested models of gene flow for both sexes together and separately. The 
significant IBR model with the highest marginal Mantel r we considered the 
best of a plausible set of IBR models. Where IBD and IBR models were 
significant, we used partial Mantel tests in a causal modelling framework 
(Amos et al., 2014; Cushman et al., 2013) to determine whether IBR 
explained the observed genetic structure better than did IBD alone. To assist 
with achieving balance between Type I and Type II error rates we adopted a 
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more stringent alpha level to evaluate significance (P < 0.005) as 
recommended by Cushman et al. (2013). 
4.4. Results 
Genetic diversity was generally high at all loci (mean Ho = 0.48–0.90, mean 
He = 0.49–0.93; Appendix 2), with the exception of locus Ea_5 (Ho = 0.38, 
He = 0.42; SI), and the mean number of alleles per locus was 8.9. Probability 
of identity PID and PSIB for the 10 loci were suitable for use in this 
population, 3.86 × 10-10 and 2.92 × 10-4, respectively. PARENTE results 
identified 14 mother-father-offspring triads and we excluded all offspring 
from downstream analyses except one, because the distance between the 
three individuals in the triad was farther than the longest recorded dispersal 
distance for this species.  
Both methods for inferring the number of genetic clusters (LnP(D) and ∆K) 
from the STRUCTURE results indicated the most likely number of clusters 
sampled to be three. Each individual sampled is represented by a column in 
the STRUTURE plot where shading indicates their genetic makeup (Figure 
4.4). Individuals that are genetically different to the majority of individuals 
in their sampled location are immigrants, and individuals that are mixed 
shading (admixture) are those with mixed origins, indicating gene flow 
(breeding) between individuals from different clusters. The three clusters 
identified in this study were concentrated in the North-West (cluster 1), East 
(cluster 2) and Centre (cluster 3) of the study area (Figure 4.4). Few 
immigrants were detected across the study area, progeny with mixed origin, 
however, were common.    
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GENELAND maps patterns of genetic diversity with geography. Population 
structuring inferred by GENELAND generally supported the spatial 
clustering identified by the STRUCTURE software (Figure 4.5). In this 
study GENELAND identified seven clusters, where individuals in cluster 1 
were found only in sites sampled in the north-west of the study area (sites 1, 
2, 3). Individuals assigned to cluster 2 extended from the north to the south 
of the study area with individuals throughout the forested outer east. Over 
half of the individuals genotyped in this study (65%) were assigned to either 
cluster 1 or 2 by GENELAND. Clusters with fewer individuals (3, 4, 5) were 
generally found through the centre of the study area, along the remnant and 
revegetated urban water courses. Whilst individuals assigned to cluster 7 
were confined to the south-east.     
Spatial autocorrelation indicated male philopatry and female biased dispersal 
from the natal site (Figure 4.6). Comparisons between male-male pairs 
showed a significant association between relatedness and geographic 
distance (slope ± SE = –0.012 ± 0.005; p < 0.0005) while female-female pairs 
did not (slope ± SE = –0.004 ± 0.002; p = 0.12). Although not significant the 
difference between female-female slopes and male-male slopes was 0.008 (p 
= 0.16). 
All three FST measures were highly correlated (across three pairwise Mantel 
tests, Mantel r ranged from 0.88 to 0.97, all p < 0.001) and led to similar 
downstream conclusions. Thus, we present only the results from the FST 
values calculated using the method described by Weir and Cockerham (1984) 





Figure 4.4 a) Population structure inferred by STRUCTURE. Each vertical bar 
represents an individual yellow robin (n = 120). Different colours on the same 
vertical bar represent the estimated proportion of the individual’s ancestry assigned 
to a particular population cluster. Dotted black lines separate individuals sampled at 
the 18 different sites; b) Distribution of population cluster assignments by sampling 







Figure 4.5 Population structure of yellow robins inferred using GENELAND (n = 
111). Each point represents a sampled individual and colours are indicative of 
different population clusters. Sampling sites are labelled 1–18 and green shading 








Figure 4.6 Spatial autocorrelation of yellow robins. Average kinship coefficients between pairs of individuals (± standard error) plotted against the 
natural logarithm of geographic distance (using maximum distance classes of 1,000, 5,000, 10000, 20,000 and 40,000 metres). Plots show data for a) 
both females and males (circles), b) all females (triangles) and c) all males (squares). Dotted lines represent 95% confidence intervals for kinship 
coefficients under the null hypothesis of randomly distributed genotypes. 
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Global genetic differentiation was low (FST = 0.08), however, this is 
commonly observed in woodland birds, which demonstrate greater vagility 
than other taxa (Sunnucks, 2011; With et al., 1997). Pairwise FST values 
between capture locations (where n > 3) ranged from 0.05 to 0.36 across all 
comparisons between capture locations. Pairwise ar ranged from -0.42 to 
0.63 across all individuals. 
Hypothesis 1: the landscape across the urban-forest gradient in Melbourne 
affects gene flow in yellow robins. 
Our marginal Mantel tests indicated that either IBD and IBR or IBR only was 
evident for both FST and ar (see Appendix 2; for ar all marginal tests had 
p < 0.001, for FST one marginal test had p = 0.005). Subsequent partial tests 
indicated that IBR was the more correct inference for both genetic distance 
measures (see Appendix 2; for both, partial IBD | IBR test p > 0.14, for ar 
partial IBR | IBD test had p = 0.002, for FST partial IBR | IBD test had p = 
0.004).  Thus, we reject our null models and conclude that gene flow is 
influenced by a landscape feature other than distance across the study area.  
Hypothesis 2: gene flow is restricted by habitat availability across the urban-
forest gradient. 
According to our marginal Mantel tests, the SDM_BIN model was 
significantly correlated with ar but not FST. Despite this, the best IBR models 
with the highest marginal Mantel r and the ones we chose for further 
investigation, were TREE_1 for ar and TREE_2 for FST. Our partial Mantel 
tests for these two models indicated that IBR related to tree cover was evident 
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for both genetic distance measures (Table 4.2; for both, partial IBD | IBR 
test p > 0.14, for ar partial IBR | IBD test Mantel r = 0.06 p = 0.002, and for 
FST partial IBR | IBD test Mantel r = 0.31 p = 0.004). These results provide 
evidence that tree cover has a greater influence over gene flow than that 
associated with the more conservative availability of habitat (e.g. 
SDM_BIN). Thus, we rejected our second hypothesis in favour of an IBR 
explanation of reduced movement and gene flow of robins through treeless 
areas across the urban-forest gradient in eastern Melbourne.  
Individual genotype-based genetic measures are relative to processes 
operating over shorter timeframes and at finer scales (Sunnucks, 2000) and 
for ar, the finer scale genetic measure, the effect was only moderate (TREE_1 
represented a moderate effect of tree cover). For FST, which measures genetic 
processes over longer- and larger-scales, the effect was strong (TREE_2 
represented a strong effect) and the correlation was relatively strong (Table 
4.2; Mantel r = 0.313). These results imply that gene flow is greatest through 
continuous densely treed areas and may be somewhat facilitated by medium 




Table 4.2 Results of marginal and partial Mantel tests. ‘N’ is the sample size, ‘Nsites’ is the number of capture locations, ‘r’ is the Mantel r and ‘p’ is 
the p-value. 
      Marginal Mantel tests Partial Mantel tests 
      IBD IBR IBD | IBR IBR | IBD 
Sex GEN_DIST N Nsites Inference Best model r p r p r p r p 
Both FST 101 13 IBR TREE_2 -0.124 0.818 0.290 0.005 -0.175 0.906 0.313 0.004 
Both ar 107 18 IBR TREE_1 0.03 <0.001 0.116 <0.001 0.019 0.142 0.058 0.002 
Males ar 67 18 IBR TREE_1 0.137 <0.001 0.153 <0.001 0.027 0.157 0.082 0.004 




For our strongest model, TREE, current flow density (which indicates the 
regions where gene flow is most likely), was highest at the eastern fringe of 
Melbourne (Figure 4.7), which is predominantly a national park. In this 
national park, dense tree cover is virtually continuous (Figure 4.3b). Little 
or no gene flow appears to have infiltrated the highly urbanised city centre 
or coastal suburbs (Figure 4.7), where tree cover is low and urban density is 
much higher (Figure 4.3b and c). This appears to have effectively isolated 
some of the capture locations from one another, where little or no current is 
evident.  
The threat of effective isolation is of particular importance to the yellow 
robin, a sedentary species which disperses over distances greater than ca. 
7 km, and usual dispersal distances are much lower (Debus & Ford, 2012). 
Much of the current flow beyond the large continuous national park in the 
east appears linear. These linear flows largely correspond with the network 
of waterways across the study area. It is also important to note that according 
to our marginal Mantel r tests, the TREE_URB_1 and SDM_BIN_1 models 
had very similar strength of correlation to ar as TREE_1 (see Appendix 2; for 
TREE_1 Mantel r = 0.116, for TREE_URB_1 Mantel r = 0.110, for 
SDB_BIN_1 Mantel r = 0.114, all p < 0.001). This provides some evidence 
that urban land-use and habitat availability are also related to yellow robin 
movement and gene flow. Under our strict significance test, our ‘strong’ tree 
model was the only one that explained our FST results. A more lenient 
approach may have also considered TREE_1, TREE_URB_1 and 
TREE_URB_2 as plausible alternatives (see Appendix 2; marginal Mantel 
results for TREE_1 Mantel r = 0.239 p = 0.019, for TREE_URB_1 Mantel r 





Figure 4.7 Current flow of TREE_2 model. Density of current is indicated as a 
range from yellow to green, where yellow indicates higher current flow, while blue 
indicates little or no current. 
Hypothesis 3: there is a sex-bias in the effect of the urban-forest gradient on 
gene flow. 
While our ar tests on the combined sexes provided evidence for IBR, when 
we tested the sexes separately, the results strongly indicated that the effects 
on males and females contrasted. For females, we did not detect any evidence 
of IBD or IBR (Table 4.2 and Appendix 2; for all tests p > 0.2). On the other 
hand, males showed a significant effect for all marginal tests (p < 0.001) 
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except for the Euclidean distance (DIST) model. Our marginal tests indicated 
that the best IBR model was TREE_1 and our partial tests indicated that IBR 
was significant (Table 4.2; Mantel r = 0.08 p = 0.004). This result supports 
our hypothesis and prediction that males would be more strongly affected by 
IBR. Thus, we concluded that there is sex-bias to the effect of the urban-
forest gradient on gene flow. We also note that for the partial Mantel test on 
the combined sexes, the Mantel r value was low (0.06) and, ostensibly, the 
result for the combined sexes may have averaged across the divergent effects 
on the sexes. Akin to the combined sexes result, our marginal Mantel r tests 
indicated that our TREE_URB_1 model had very similar strength of 
correlation for males as TREE_1 (see Appendix 2; for TREE_1 
Mantel r = 0.157, for TREE_URB_1 Mantel r = 0.156). 
4.5. Discussion 
The aim of our study was to examine the genetic impacts of urbanisation, 
using a landscape genetics approach. We explored three primary hypotheses 
related to the effects of fragmentation on gene flow in a causal framework. 
On the whole, we found that urbanisation has impacted gene flow in eastern 
Melbourne, with stronger male-specific effects. Our results support known 
male philopatry (Harrisson et al., 2012; Morales et al., 2015; Higgins & 
Peter, 2003) and concur with male-biased restriction of gene flow in this 
species across an agriculturally fragmented ecosystem (Amos et al., 2014), 
but suggest that urbanisation has caused a stronger response which is likely 
to intensify. This population is likely to be at risk of the implications of 
reduced gene flow due to urbanisation, including inbreeding depression, loss 
of genetic variation through genetic drift and loss of evolutionary potential, 
ultimately contributing to local extirpations. 
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Across the study area a number of genetic clusters in the yellow robin 
population were detected, indicating genetic differentiation across the study 
region. Population substructure inferred by STRUCTURE and GENELAND 
implied that dispersal is limited between sampling sites, where clusters were 
more isolated in the north-west and central regions of the study area. 
Sampling sites to the east, which have greater tree density, were more 
connected. These results support the significant isolation-by-resistance (IBR) 
result.     
4.5.1. Gene flow is restricted by landscape tree cover 
Where IBR was evident, the strongest model was based on tree cover. Our 
original prediction, that habitat availability would restrict gene flow was not 
entirely incorrect, because habitat availability had similar strength of 
correlation to gene flow as tree cover. Habitat availability is a strong 
predictor of the persistence of this species (Chapter 2), and is critical for 
establishment of territories and reproductive output (Zanette, 2001), but our 
results indicated that fragmentation of suitable habitat was not the most 
plausible explanation for the restriction in gene flow.  
The strongest IBR model indicated that dense and medium tree cover 
facilitated gene flow, and the non-habitat urban matrix impeded gene flow. 
Tree cover was once widespread across the area occupied by greater eastern 
Melbourne and yellow robins were frequently observed across a larger area 
than they presently are (Loyn & Menkhorst, 2011), a pattern also evident in 
other eastern Australian cities (e.g. Sydney, Major & Parsons, 2010). 
Landscape tree cover is critical for the persistence of this and other woodland 
bird species (Amos et al., 2014; Ford, 2011; Radford et al., 2005; Radford & 
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Bennett, 2007), and is an important component of suitable yellow robin 
habitat (Chapter 2). However, this is the first study to characterise the 
importance of tree cover outside of that considered habitat for maintaining 
gene flow in an urban environment. 
Scattered trees are also an important feature in agricultural landscapes, 
maintaining connectivity for this and other woodland bird species in 
Australia (Debus & Ford, 2012; Doerr et al., 2011; Levin et al., 2009; Stagoll 
et al., 2010). Our results indicated that scattered trees may play a critically 
important connectivity role in promoting gene flow between areas of 
continuous tree cover and suitable habitat patches within urban landscapes. 
It was also evident that gene flow across the urban-forest gradient in eastern 
Melbourne was much greater along tree-covered riparian corridors. Globally, 
riparian corridors play a key role in supporting high levels of avian diversity 
(Pennington et al., 2008). The creek and river systems of Melbourne have 
provided important ribbon-like connectivity networks of suitable habitat 
throughout the urban landscape and some riparian reserves remain 
strongholds for yellow robins (Chapter 2). 
4.5.2. There is a sex-bias in the effect of urbanisation on gene flow 
Consistent with the greater philopatry in male yellow robins and propensity 
for females to disperse farther (Debus & Ford, 2012), we report a signal of 
spatial structure in males, and no corresponding structure in females. 
However, if the structure was purely due to philopatry, isolation-by-distance 
(IBD) would be the most plausible explanation. On the contrary, for males, 
we detected IBR. While male yellow robins are already naturally dispersal-
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limited, it appears that loss of tree cover due to urbanisation in Melbourne 
has limited dispersal and gene flow even further. 
The lack of IBD or IBR detected in females indicated that in the short-term 
females remained relatively mobile and they were still apparently able to 
undertake longer-distance dispersal. However, over the long-term, it appears 
that reduced tree cover has disrupted fine-scale processes such as local gene 
flow mechanisms and mating systems by inhibiting gene flow across both 
sexes. Females may be able to undertake adequate dispersal to affect short-
term gene flow, but their movements were not able to offset the longer-term 
detrimental effects of loss of tree cover.  
4.5.3. Conclusions 
The known history, biology and response of yellow robins to fragmentation 
in agricultural systems (Amos et al., 2014; Debus & Ford, 2012; Zanette, 
2000) indicate that yellow robin movement patterns in fragmented habitat 
should align with Fahrig’s (2007) movement scenario of species that evolved 
in landscapes with high habitat cover. Such species evolve a moderately high, 
flexible movement probability, dependent on local conditions and movement 
success is reduced because of mortality associated with movement, rather 
than an unwillingness to cross gaps (Fahrig, 2007). Debus and Ford (2012), 
however, surmised that robins have declined in fragmented landscapes 
because they are both unable or unwilling to disperse across the matrix 
between remnants, and they experience high mortality while doing so.  
Yellow robins exhibit some degree of behavioural constraint to gap -crossing 
and require gaps of no more than 100 m (Doerr et al., 2011). The species is 
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tolerant of low density housing but less likely to cross gaps into high density 
housing (Hodgson et al., 2007). Our results suggest that yellow robins may 
be exhibiting a strongly sex-discriminated movement pattern in our urban-
fragmented study area where females appear to be successfully dispersing 
but males are not. We therefore reiterate that conservation planning should 
take into consideration species-specific sex-biased responses, and the 
mobility and dispersal mechanisms of each sex should be considered (Amos 
et al., 2014; Harrisson et al., 2013; Shanahan et al., 2011b).  
We also describe tree cover as a particular element of connectivity, which 
extends beyond modelled habitat, and which presumably supports females 
during dispersal. Use of these dispersal-specific areas is presumably short-
term, yet we note they represent critical but often unoccupied areas. 
Traditional assessments of important habitats for species such as yellow 
robin would likely down-weight or ignore the function of these areas in 
which robin detectability is virtually zero. This emphasises the need to 
understand the role of landscape elements in species protection.  
Retaining and enhancing landscape tree cover is necessary, especially to 
ensure male dispersal processes are not constrained beyond their natural 
limit. The effects of fragmentation on gene flow were stronger over the 
longer term and we expect that, unless action is taken to protect, enhance and 
restore tree cover across the urban-forest gradient, the effects will intensify 

















Differential microhabitat availability and 
selection in urban reserves and continuous 








A banded Eastern Yellow Robin searches for prey  
in understorey vegetation at Wilson Reserve, Ivanhoe,  
after hand-weeding of Tradescantia fluminensi 
Photo courtesy of volunteer and dedicated leader of  




Behavioural adaptations, including the critical life history decision of how 
and which microhabitats to use, may enhance a species’ ability to persist in 
highly urbanised areas. We studied the urban-sensitive Eastern Yellow Robin 
(Eopsaltria australis) across an urban-forest gradient to examine; 1) whether 
different microhabitats are used in urban versus forested areas and 2) if and 
differences in microhabitat use result from differences in availability or 
selection of microhabitats. Available microhabitat in urban reserves had less 
coarse litter, less moss and lichen, less native grass, greater weed coverage, 
more stems, less bracken cover and higher structural density >1.2-1.8 m 
above the ground. Within both urban and forest sites, yellow robins 
demonstrated specific microhabitat preferences. Microhabitat (both available 
and used) differed among the reserve types, but microhabitat used by yellow 
robins within a reserve type did not differ from microhabitat availability (thus 
no habitat choice was evident). This suggests a degree of behavioural 
flexibility in yellow robins that persist in urban environments, however, there 
is a limit to their tolerance and only a sub-set of available habitat 
characteristics are used. Our results demonstrate the importance of assessing 
microhabitat availability when investigating differences in microhabitat use 
across different landscape types. Habitat management for this species 
requires recognition of behavioural adjustments to available microhabitats.   
5.2. Introduction 
Urbanisation radically transforms landscapes, alters habitat condition and 
introduces a variety of novel environmental conditions thereby exerting 
strong pressures on wildlife that live there (McDonald et al., 2008). Across 
 
131 
ecological guilds of birds, these pressures favour wide-ranging, generalist 
species with broad environmental tolerance (Clergeau et al., 2006; Marzluff, 
2016; McKinney, 2006). For species with specialised requirements, 
compounding effects such as small population size, limited dispersal abilities 
and sensitivity to habitat disturbance make local extirpations in urban areas 
likely (Bonier et al., 2007). Small insectivores are especially sensitive to 
local vegetation changes in urban environments (Oneal & Rotenberry, 2009). 
For species not favoured by urban conditions, adaptation must occur, through 
physiological or behavioural acclimation, or evolution. Species that can adapt 
their behaviour to suit novel conditions in urban environments will have 
greater success. Organisms respond to environmental change in several ways 
that may facilitate persistence; these include dispersal or other movement to 
follow ideal environmental conditions, evolutionary (genetic) adaptation, 
and phenotypic plasticity (Van Buskirk, 2012). Movement and adaptation are 
limited by habitat configuration and the rate of evolutionary change, 
respectively, thus, phenotypic plasticity has attracted much attention in recent 
times (e.g. Miranda, 2016).  
Behavioural flexibility is a plastic trait that is important for success in urban 
environments (Lowry et al., 2013), and it is widely understood that larger-
brained bird species have a greater ability to persist in novel and changing 
environments (Maklakov et al., 2011; Sol et al., 2005). Behavioural 
flexibility may be evident in ‘habitat choice’, which includes behaviours that 
cause an individual to spend more time in one habitat type than another 
compared with random expectation (Futuyma, 2001; Webster et al., 2012). 
Adjustment of habitat preferences may arise from plasticity in multiple 
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phenotypic traits (e.g. physiological tolerance, environmental matching, 
behavioural activity patterns) (Martin, 1998; Sol et al., 2013). 
Habitat use in urban environments may be determined by the availability of 
habitats if the species has not evolved highly specific habitat requirements 
and is able to exhibit behavioural plasticity to use the available resources. 
Alternatively, if a species has highly specific requirements and no flexibility, 
it will use the same microhabitat across urban and non-urban parts of its range 
(e.g. Caribbean Anolis lizards; Johnson et al., 2006). We explored these 
principles for a small, declining woodland bird in south-eastern Australia, 
using a model species the Eastern Yellow Robin (Eopsaltria australis; 
subsequently ‘yellow robin’). This species is an ideal model in which to 
address questions of habitat choice in urban environments. Yellow robins are 
sensitive to urbanisation (Fitzsimons et al., 2011; Trollope et al., 2009), but 
urban riparian reserves are refuges allowing this species to persist in urban 
environments (see Chapters 2 and 4). 
Yellow robins that persist in urban Melbourne exist across a gradient from 
highly urbanised to mostly forested habitat, which permit an examination of 
the influence of the degree of surrounding urbanisation on yellow robin 
behaviour. If there are habitat differences in urban and forest environments, 
yellow robins in urban riparian reserves must either be selective (using the 
same microhabitat in urban refuges and continuous forest) or be flexible 
(using the microhabitat that is available), to accommodate the differences 
arising from habitat alteration due to urbanisation. The latter scenario may 
develop either via behavioural acclimation or via adaptive processes. We 
aimed to answer two questions. First, do yellow robins in urban environments 
use different microhabitats to those in continuous forest? Second, if 
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differences in microhabitat use exist, are these differences because of 
variation in available microhabitats in urban environments, differences in 
selection of microhabitat, or both? 
5.3. Methods 
5.3.1. Study system 
The yellow robin is a small and sedentary insectivore that forages 
predominantly on the ground and nests in the lower strata of woodland and 
forest. The species is broadly distributed, inhabiting a variety of forest 
ecosystems along the east coast of Australia and has moderately specific 
habitat requirements, particularly forests and woodlands with a dense 
understorey, including sparse ground cover (rarely grassy) and a tall shrub 
layer (Higgins & Peter, 2003). Continuous forests are preferred and support 
the highest densities of yellow robins. Mated pairs maintain small, all-
purpose territories of 5-6 hectare year-round (Chan, 2001; Doerr et al., 2011; 
Higgins & Peter, 2003) and, therefore, both patch- and landscape-level 
influences are important. The species is sensitive to urbanisation yet urban 
riparian reserves apparently act as refuges from the unsuitable conditions in 
the urban matrix.  
We conducted this study at three sites near rivers, within 40 km east of the 
central business district at 37°49' S 144°58' E, in Melbourne, Australia. We 
adopted the definition of ‘urban’ provided by McDonnell et al. (1997) as 
greater than 6.2 people per hectare, and classified one site as ‘forest’ because 
it was part of a large tract of continuous forest (> 35,000 ha) and two sites as 
‘urban’ because they abutted residential development on at least two sides 
and had a population density greater than 6.2 people per hectare (Table 5.1 
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and Figure 5.1). All three sites contain vegetation that has been mapped as 
suitable yellow robin habitat in terms of landscape-scale characteristics 
(Chapter 2). 
Figure 5.1 Location of three 30 hectare study sites in eastern Melbourne, Victoria, 
Australia, indicated by yellow shading. WR = Wilson Reserve, Ivanhoe; 
SB = Shepherds Bush, Mount Waverley; DR = Dandenong Ranges National Park, 
Selby. Base map is an aerial photograph that indicates current landscape tree cover 
and urban density.  
Table 5.1. Characteristics of sites assessed in this study. Reserve type 
classification is based on the definition of ‘urban’ provided by McDonnell et al. 












DR Forest 25.35 Monbulk 
Creek  
37.5 1.22 Forest riparian 
adjacent to low 
density residential 
SB Urban 30.42 Dandenong 
Creek 
21.5 23.91 Riparian adjacent to 
medium density 
residential 





5.3.1. Data collection 
To determine whether yellow robins were using a non-random subset of 
available microhabitat types, we defined both the full range of microhabitat 
features within each study site, and the features used by yellow robins. To 
define available habitat, we established a uniform grid at each of our sites, 
with intersecting lines oriented north-south and east-west at 100 m intervals. 
This resulted in 19-22 intersections at each site (Appendix 3).  
We measured microhabitat features within a randomly orientated 5 m square 
quadrat, centred on each grid intersection. Within each quadrat, we 
characterised the upper- and mid-storey structure (here referred to as ‘forest 
structure’) and ground-layer structure with 18 variables, which included the 
density of shrubs, exposed surface area of logs on the ground, the percentage 
cover of litter, grass, herbs and bare ground (Table 5.2). 
We measured litter depth at four locations within each quarter of the quadrat 
and averaged the depth across the quadrat. We used a structure pole (Debus, 
2006a; Laidlaw & Wilson, 2006; Treloar, 2012) to characterise understory 
density, recording the number of pieces of live vegetation that touched the 
pole in 10 cm intervals. We took these measurements at the centre of the 
quadrat and in each quarter and averaged across the five locations. We then 






Table 5.2 Microhabitat characteristics measured for sampling quadrats in three 
sites in eastern Melbourne, Australia. 
Variable Description 
Ground-layer structure 
Bare ground Percentage cover of bare ground 
Coarse litter 
Percentage cover of course woody litter (narrow logs, 
bark) 
Fine litter Percentage cover of fine litter (leaves, fine twigs) 
Moss lichen Percentage cover of moss and/or lichen 
Native grass Percentage cover of native grass 
Exotic grass Percentage cover of exotic grass 
Tradescantia 
Percentage cover of Tradescantia fluminensis, a 
common and widespread weed 
Other veg 
Percentage cover of other native vegetation < 0.5 m 
high, e.g. sedges, ground ferns. 
Log surface area (‘Log SA’) 
Exposed surface area of fallen logs > 10 cm diameter 
and > 30 cm long 
Litter depth Average depth of litter in cm 
Forest structure 
Stems 
Number of sapling and shrub stems < 10 cm diameter 
and < 3m high 
Shrubs Percentage cover of shrubs > 0.5 m and < 3 m high 
Weeds Percentage of shrub cover that is exotic species  
Bracken  Percentage cover of bracken fern 
Canopy Percentage canopy cover  
Density at 0-0.6 m 
Number of contacts per 10 cm interval, with a 
maximum 10 touches counted per interval, pooled over 
0-60 cm 
Density at > 0.6-1.2 m 
Number of contacts per 10 cm interval, with a 
maximum 10 touches counted per interval, pooled over 
> 60-120 cm 
Density at > 1.2-1.8 m 
Number of contacts per 10 cm interval, with a 
maximum 10 touches counted per interval, pooled over 





We also assessed quadrats centred on locations where yellow robins were 
observed, to quantify ‘used’ habitat. To determine observation locations, we 
carried out visual surveys to detect yellow robins over two non-breeding 
seasons (February–July in 2012 and 2013) and two breeding seasons 
(August–January 2012–13 and 2013–14). We had previous experience at our 
study sites because we carried out a capture-mark campaign prior to our 
visual surveys and several yellow robin individuals were distinguishable 
because of coloured leg bands. This provided a degree of certainty that we 
were not re-observing the same individuals. Surveys were undertaken in fine 
weather for at least three hours and spread throughout the day to capture 
variation in diurnal behaviour. We surveyed sites by walking slowly through 
the vegetation, starting from a different location and altering the route each 
time to ensure we covered the entire site.  
Once a yellow robin was encountered, it was observed quietly from 
approximately 20 metres distance for up to 3 minutes and, using a handheld 
GPS, recorded the first location at which a natural behaviour occurred (e.g. 
active prey seeking or attack, feeding, territorial display, incubating) to 
ensure we did not flush the individual to the location. Only one observation 
per individual yellow robin encountered was recorded during each survey. If 
we were unable to undertake the microhabitat assessment on the day of the 
observation following our survey, we recorded coordinates and took detailed 
notes to ensure the precise location was subsequently relocated. We assessed 
18-20 observation points at each site (Appendix 3).  
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5.3.2. Statistical analyses 
All statistical analyses were performed in R (R Core Team, 2016). Before 
proceeding with our analyses, we range-standardised each variable by 
subtracting the minimum value and then dividing by the range, because 
habitat variables are measured using several different units and data often 
include zeros. 
5.3.3. Microhabitat use and availability 
To determine whether yellow robins in urban reserves used the same subset 
of microhabitats as their conspecifics in continuous forest, we first performed 
a principal component analysis (PCA) and summarised all habitat variables 
for both observation and grid quadrats, using the PRCOMP function. We 
retained all derived principal components where the eigenvalue was greater 
than one.  
We then compared the PC scores among used and available quadrats in the 
two reserve types, ‘urban’ and ‘forest’, for the retained derived components, 
using a sequence of analyses of variance (ANOVA). If yellow robin 
microhabitat use was consistent, we expected that PC scores for all used 
quadrats would cluster together regardless of the PC scores for the urban and 
forest grids.  
We used a multivariate analyses of variance (MANOVA) and univariate 
ANOVAs to investigate differences in used microhabitat characteristics in 
both reserve types, using all 18 microhabitat variables. For the MANOVA, 
we used the Pillai trace statistic (Pillai, 1967) to test for significance because 
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this statistic is more robust to violations of the MANOVA assumptions. We 
also verified our MANOVA results (including the two-factor test described 
below) with a permutational multivariate analysis of variance using Bray-
Curtis distances between all quadrats (PERMANOVA; Anderson, 2001, 
adonis function).  
5.3.4. Microhabitat choice 
We investigated differences between microhabitats in each reserve type, 
between microhabitats available and microhabitats used by yellow robins 
(thus indicating habitat choice), and the interaction between reserve type and 
habitat choice, using a two-way MANOVA. A significant interaction term 
would imply that yellow robins are selecting microhabitats differently in 
urban and forest reserves, demonstrating ‘differential selectivity’ (as per 
Johnson et al., 2006). 
5.4. Results 
5.4.1. Principal components analysis 
Based on eigenvalues, we retained seven of the principal components that 
were derived from the 18 original variables. Across the seven components, 
11 variables had meaningful loadings (i.e. ≥ 0.40 or ≤ - 0.40, O’Rourke et 





Table 5.3 Results from principal component (PC) analysis, showing PC loadings 
for the 18 original variables we measured. High loadings (≥ 0.40 or ≤ - 0.40) are 
indicated in bold, * indicates variables with a high loading for at least one of the 
retained components. 
PC 1 2 3 4 5 6 7 
Ground-layer structure 
Bare Ground* 0.10 -0.28 0.01 -0.61 0.06 -0.16 0.14 
Coarse Litter -0.32 -0.15 0.21 0.20 -0.27 0.07 0.05 
Fine Litter -0.34 -0.29 0.27 0.15 0.02 0.10 0.02 
Moss / Lichen* -0.12 -0.02 0.02 -0.11 -0.58 0.08 0.00 
Native Grass* -0.16 0.19 0.04 -0.11 -0.04 -0.51 -0.56 
Exotic Grass* -0.03 -0.08 -0.33 -0.04 0.02 0.33 -0.60 
Tradescantia* 0.43 0.07 -0.08 0.38 0.05 -0.24 0.14 
Other Veg* -0.21 0.42 0.04 -0.24 0.02 0.40 0.22 
Log SA* -0.14 0.09 0.13 -0.13 0.41 0.05 -0.28 
Litter Average -0.25 0.24 0.23 0.31 -0.25 -0.16 -0.13 
Forest structure 
Total Stems 0.32 -0.22 0.31 -0.06 -0.06 -0.03 -0.11 
Shrub Cover 0.29 -0.02 0.40 0.06 -0.12 0.04 -0.04 
Weed Cover 0.04 -0.05 -0.19 0.29 0.14 0.37 -0.09 
Bracken Cover -0.29 0.18 0.14 -0.11 0.28 -0.29 0.19 
Canopy Cover 
Average* 
-0.20 -0.22 0.12 0.31 0.46 -0.04 0.07 
Density at 0-0.6 m 0.24 0.50 -0.01 0.12 0.03 -0.03 -0.04 
Density at > 0.6-1.2 m 0.11 0.33 0.43 -0.13 0.10 0.31 -0.01 
Density at > 1.2-1.8 m 0.20 -0.17 0.44 -0.03 0.07 0.14 -0.28 
Eigenvalues 3.23 2.25 2.07 1.37 1.25 1.19 1.03 





For each of the seven PC axes, we used a two-factor ANOVA comparing PC 
scores, where the two factors were microhabitat type (levels; available, used) 
and reserve type (levels; urban, forest) (Table 5.4,  
Figure 5.2). We detected significant differences in our tests for three of the 
seven components: microhabitat differed significantly across reserve 
category (urban or forest) but not microhabitat type (used or available) on PC 
1 and PC 6; and on PC 2, microhabitat was significantly different in terms of 
type, but not reserve category. We found no evidence of a significant 
interaction between the two factors for any of the seven components, 
indicating that use and availability did not differ within each reserve type. 
Table 5.4 Significantly different PCs when tested across yellow robin reserve 
category (urban or forest reserves) and microhabitat type (used or available). 
Results for significant two-way ANOVA tests conducted for each principal 
component (PC) scores describing yellow robin microhabitats. 
PC Significant test d.f. F p 
1 Reserve type 114 14.53 < 0.01 
2 Microhabitat type 114 3.91 0.05 

















Figure 5.2 Principal component (PC) analysis results for six of the seven retained 
components (PCs with significant two-way ANOVA tests). Each point represents the 
mean (± SE) PC score for used and available microhabitat within each forest type. 
Circles  denote mean for observation quadrats (used) and triangles ▲ are grid 
quadrats (available), open symbols are urban reserve type and closed are forest 
reserve type.  
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5.4.2. Microhabitat availability 
Available microhabitat in urban and forest reserve types differed 
significantly in coarse litter, moss and lichen, native grass, weed and 
Tradescantia fluminensi cover, number of stems, bracken cover and density 
at >1.2-1.8 m (Table 5.5 and Table 5.6). The urban ground-layer comprised 
just under half the cover of coarse litter that forest microhabitat provided and 
had almost 50 % cover of the weed T. fluminensi, which was virtually absent 
from forest microhabitat. Forest microhabitat had marginally less moss and 
lichen, but substantially more native grass cover. Urban microhabitat had ten 
times more slender, woody stems than forest microhabitat, and greater cover 
of native vegetation in the lower storey (< 0.5 m), but had no bracken cover, 
while forest microhabitat had 38 % cover of bracken. Urban microhabitat was 
also slightly denser in the upper storey, at >1.2-1.8 m.  
5.4.3. Microhabitat use 
The microhabitat used by yellow robins in urban and forest reserve types 
differed significantly in terms of several variables; coarse litter, fine litter, 
native grass, T. fluminensi, other veg, litter average, number of stems, shrub 
cover, bracken cover, canopy cover, density at >1.2-1.8 m (Table 5.5 and 
Table 5.6). In the urban reserve type, yellow robin used microhabitat with 
less litter, with around three times less coarse litter and half as much fine 
litter. Urban microhabitat used by yellow robins had almost no native grass 
cover, while forest microhabitat used did not contain the weed, T. fluminensi, 
but yellow robins used forest sites with slightly deeper litter.  
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Table 5.5 Results from a) two separate one-way MANOVAs comparing 
microhabitat characteristics in each reserve type (1) available, (2) used by yellow 
robins and b) follow-up univariate ANOVAs for both tests that determined which 
microhabitat variables differed for (1) and (2) among reserve types. For these tests, 
dataset was split into two; a ‘used’ dataset and an ‘available’ dataset to carry out 
the two one-factor MANOVAs. For all tests, d.f. was 57. 
a) MANOVA approx. F p Pillai statistic 
Available1 8.24 <0.001 0.79 
Used2 6.54 <0.001 0.75 
b) ANOVA approx. F p  
Available    
Coarse litter 10.07 0.002  
Moss and lichen 5.24 0.03  
Native grass 12.47 <0.001  
Tradescantia 12.46 <0.001  
Other veg 11.01 0.002  
Number of stems 9.14 0.004  
Bracken cover  47.48 <0.001  
Density at >1.2-1.8 m 4.80 0.03  
Used    
Coarse litter 8.71 0.005  
Fine litter 9.91 <0.001  
Native grass 9.53 0.003  
Tradescantia 26.74 <0.001  
Litter average 23.47 <0.001  
Number of stems 15.31  <0.001  
Shrub cover 14.40 <0.001  
Bracken cover 26.59 <0.001  
Canopy cover 16.06 <0.001  




In terms of forest structure, yellow robins used microhabitat in urban reserves 
with a slightly denser mid-storey (at >1.2-1.8 m) than in the forest reserve 
type and yellow robins in urban reserves also used a substantially greater 
number of shrub stems, but only just under double the shrub cover and 
virtually no bracken. Forest microhabitat used by yellow robins on average 
consisted of 50 % bracken cover, compared to no bracken in urban 
microhabitat, and had greater canopy cover. Urban microhabitat used by 
yellow robins also had around a third less cover of native vegetation in the 
lower storey (< 0.5 m). 
5.4.4. Microhabitat use versus availability 
Our final analysis examined whether differences in microhabitat use were the 
result of variation in availability in different reserve types, or if yellow robins 
were preferentially choosing different kinds of microhabitat in urban and 
forest reserve types. Overall, microhabitat (both available and used) differed 
among the reserve types, but microhabitat used by yellow robins within a 
reserve type did not differ from microhabitat availability (thus no habitat 
choice was evident) and, further, no interaction existed between reserve type 
and habitat choice (Table 5.7).  
While microhabitat was significantly different in the two reserve types across 
several variables, our results indicated, overall, no evidence of differential 
selectivity. Yellow robins did not preferentially choose a different subset of 
microhabitat in the two reserve types. However, follow-up tests indicated that 
yellow robins did prefer different conditions in both urban and forest in terms 
of two microhabitat variables. Across both urban and forest reserve types, 
yellow robins chose microhabitat with a lower cover of native vegetation 
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(< 0.5 m) and a higher canopy cover than was available in their environments 
(Table 5.6 and Table 5.7).  
5.5. Discussion 
5.5.1. Available microhabitat 
Across the forest and urban sites that we investigated, the microhabitat 
characteristics available for yellow robins differed considerably in terms of 
both forest and ground-layer structure. The characteristics available in the 
urban sites represented a substantial shift in ground-layer structure, with 
native ground covers (including sedges, ferns and grass) and litter replaced 
with widespread cover of the ground-carpeting weed Tradescantia 
fluminensi. T. fluminensi favours wetter sites (Standish et al., 2001), and is 
therefore a major weed problem in urban riparian sites in Melbourne. Exotic 
shrubs are also an issue in urban riparian vegetation (King & Buckney, 2000) 
and, unsurprisingly, our urban sites contained exotic shrubs but the forest site 
did not. In terms of forest structure, the urban sites were denser, containing 
more stems of sapling and tall shrubs, but had a lower canopy cover, 




Table 5.6 Microhabitat used by yellow robins and microhabitat available within each reserve type (follows from Table 5.5). Values are mean ± SE, 
bold indicates a significant difference in reserve type for follow-up univariate ANOVAs for a) available and b) used microhabitats. * indicates a 
significant difference in follow-up univariate ANOVAs for microhabitat choice, relating to the two one-way MANOVAs presented in Table 5.5. 
























































a) Available microhabitats 









































































b) Microhabitats used by yellow robins 












































































Table 5.7 Results from two-way MANOVA comparing differences in reserve 
type, microhabitat choice, and the interaction between the two, and follow-up 
univariate ANOVAs. For a) bold indicates a significant test, for b) only variables 
with a significant test are shown. For all tests, d.f. were a) 97 and b) 114. 
a) MANOVA approx. F p Pillai statistic 
Reserve type 11.84 <0.001 0.69 
Habitat choice 1.45 0.13 0.21 
Reserve type  habitat choice 0.85 0.64 0.14 
b) ANOVA F p  
Reserve type    
Coarse litter 19.14 <0.001  
Fine litter 18.86 <0.001  
Native grass 21.88 <0.001  
Tradescantia 36.83 <0.001  
Other veg 7.26 0.008  
Litter average 18.84 <0.001  
Total stems 23.38 <0.001  
Shrub cover 10.89 0.001  
Weed cover 5.60 0.02  
Bracken cover 71.82 <0.001  
Canopy cover 15.82 0.001  
Density at 1.2-1.8 m 8.16 0.005  
Habitat choice    
Other veg 5.14 0.03  





5.5.2. Microhabitat choice 
Given the dramatic differences in available microhabitat in our forest and 
urban sites, two outcomes were possible: yellow robin habitat use either 
mirrored availability or was consistent despite availability. When we 
examined the ‘used’ data in isolation, several microhabitat characteristics 
used by yellow robins differed significantly between the forest and urban 
reserve types, however, when interrogating the entirety of the data, the 
differences were easily explained by microhabitat availability. Thus, for the 
most part, the former situation explained our results.  
Where yellow robins used microhabitat with higher or lower values of a 
characteristic across the forest and urban reserve types, for example, less 
litter or greater shrub cover in the urban sites, these trends reflected what was 
available. This pattern of microhabitat use mirroring availability was true for 
all characteristics except two. For these two microhabitat characteristics, the 
latter explanation, that microhabitat use did not change across reserve type 
even as availability did, was more correct. The implication is, therefore, that 
yellow robins actively chose distinctive conditions for these characteristics. 
We found that across both urban and forest reserve types, yellow robins 
consistently used microhabitat with higher than average canopy cover, and 
consistently chose lower than average cover of non-grass native ground-
storey vegetation (e.g. sedges and ground-ferns).  
Canopy cover provides shade and moisture retention, which are important for 
maintaining invertebrate food resources (Debus, 2006a), and protects yellow 
robins from aerial predators. Canopy cover is also a proxy for tree density, 
which we did not directly measure. Yellow robins evidently preferred sites 
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with greater canopy cover and, therefore, greater density of trees. This 
species has several life history traits that necessitate trees, for perching, 
roosting, nest sites and nest substrate materials (open cup nests made 
predominantly from bark) (Higgins & Peter, 2003). Additionally, most 
Australian robin species, including the yellow robin’s congener, the Western 
Yellow Robin, employ a perch-pounce foraging strategy and predominantly 
use tree branches as launch substrates (Antos & Bennett, 2006; Cousin, 
2003). In fact, the Western Yellow Robin, prefers branches on sub-canopy 
trees, especially those with an uninterrupted view of the ground (Cousin, 
2003). Thus, it is likely that a complex and dense canopy is most suitable. 
Regarding native species ground cover, yellow robins preferred lower than 
average cover in both urban and forest reserves. This species is known to 
prefer sites with sparse ground cover (Higgins & Peter, 2003), and it is likely 
that denser cover is unsuitable because it interferes with ground-pouncing 
foraging strategies through diminished prey visibility and accessibility 
(Chapman & Harrington, 1997; Maron & Lill, 2005; Maron et al., 2012). 
However, yellow robins do not prefer sites with no ground cover, and they 
tolerated quite high levels of T. fluminensi. Evidently, there is an optimal 
level of around 20-30% cover of non-grass native ground cover vegetation. 
Perhaps this describes a range that provides ideal conditions for invertebrates 
and therefore sufficient prey abundance, but does not diminish prey visibility 
or accessibility (Maron et al., 2012). Yellow robins feed predominantly on 
invertebrate prey that are maintained by appropriate moisture and habitat 
(Cousin, 2004) and sedges and ground ferns may provide the ideal 
microclimate and habitat for prey. 
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5.5.3. Substitutable resources, behavioural flexibility or 
evolutionary adaptation? 
We offer three possible and non-mutually exclusive explanations as to why 
habitat use largely mirrors availability in this study. First, the different 
characteristics available across the urban and forest sites may be providing 
the same functions for the yellow robins, that is, they are substitutable 
resources (Dunning et al., 1992). For example, shrub and sapling stems in 
urban environments may be providing perch sites where trees are lacking 
(Higgins & Peter, 2003). In the urban sites, yellow robins used sites with 
considerably less litter, which is important for invertebrate abundance, but T. 
fluminensi may be an adequate substitute for leaf litter. As well as a litter 
replacement, T. fluminensi may be providing critical shelter for nestlings 
(Debus, 2006a), instead of native grass and bracken. Shrubs in the urban sites 
may be providing the same resource as bracken in the forest. Denser 
understorey vegetation in the urban environments may offer suitable nest 
substrates, compensating for the lack of tree cover (Leston & Rodewald, 
2006).  
Our second explanation is that yellow robins in urban environments may be 
exhibiting behavioural plasticity and rapidly acclimating to the different 
habitat characteristics in urban environments. Sol et al. (2013) describe the 
ecological stages of colonisation of urban environments, which include 
‘arrival’, ‘establishment’ and ‘increase’ phases. At the arrival stage, 
organisms with high behavioural plasticity will be less restrictive in the cues 
they use to decide to settle in a location and at the establishment phase, 
therefore, plasticity improves the ability to track environmental variation and 
find new food opportunities (Sol et al., 2013).  
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Yellow robins that have successfully arrived and established in urban 
environments may be exhibiting a high degree of flexibility in terms of 
resource use and may have simply adjusted to the novel urban environment. 
For example, in other species, urban individuals display greater foraging 
efficiency, innovation, or lower latency to respond to a novel food 
opportunity (Sol et al., 2012b). However, habitat use is not considered to be 
very plastic (Sol et al., 2013). Furthermore, there is evidence to suggest that 
yellow robins inhabiting sub-optimal sites are under long-term stress. Maron 
et al. (2012) found that robins inhabiting landscapes with less remnant 
woodland had higher ratios of heterophils to lymphocytes in their blood (an 
indicator of chronic physiological stress), and suggested that robins in less-
vegetated landscapes avoid sub-optimal grassy sites, but where they did 
occur in grassy sites they appeared to experience more chronic physiological 
stress. 
Our third explanation as to why differences in yellow robin microhabitat use 
were largely aligned with availability, is that individuals can utilise different 
resources because of adaptation. Under this scenario, our results suggest that 
either a pre-existing broad environmental tolerance may predispose some 
yellow robins to succeed in urban habitats or that contemporary adaptive 
evolution is occurring due to selective processes. Recent studies suggest that 
behavioural differences between rural and urban individuals may in fact be 
intrinsic, potentially indicating contemporary adaptive evolution resulting 
from divergent selection pressures (Atwell et al., 2012; Miranda, 2016). This 
explanation requires that behavioural shifts have a genetic basis. Limited 
studies illustrate this: one recent example is a comparative study that assessed 
candidate genes for behavioural traits on several rural and urban blackbird 
populations across Europe and found a significant association between a gene 
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for harm avoidance behaviour (the SERT serotonin transporter gene) and 
habitat type (Mueller et al., 2013), another example associated variation in 
the DRD4 dopamine receptor gene with wariness in urban swans in Australia 
(van Dongen et al., 2015). 
5.5.4. Conclusions 
It is promising that a species sensitive to urban development and 
fragmentation (Amos et al., 2014; Trollope et al., 2009), and which has 
previously been suggested to be resource limited (Zanette et al., 2000), could 
be demonstrating a degree of flexibility in terms of urban resource use. 
Further work is required to understand the mechanism behind the lack of 
microhabitat selectivity in urban environments that we have uncovered here. 
We expect that is most likely not simply one of the explanations we have 
offered but, rather, a complex combination of all three. A greater 
understanding of the impacts of differences in microhabitat habitat use in 
urban areas is also necessary, for example, to understand whether the 
differences are affecting fitness and reproductive output or causing long-term 
stress. 
The preference for more densely treed sites reflects the importance of trees 
as habitat for yellow robins at larger-scales (e.g. landscape-scale, Radford & 
Bennett, 2007, and see chapter 2), or for other functions such as dispersal and 
gene flow (Amos et al., 2014, and see Chapter 4). Our findings add further 
weight to the need for dense tree cover in originally wooded urban 
landscapes, especially along riparian corridors. Finally, we have discovered 
that T. fluminensi, while an aggressively invasive weed in Australia (Dugdale 
et al., 2015), appears to be important as a microhabitat resource for yellow 
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robins, especially in the absence of adequate litter. The removal of T. 
fluminensi is prioritised in many urban reserves, however, we suggest that 
conservation managers do so with caution. Standish et al. (2001) suggest that 
imposing shade by planting trees to improve canopy cover is a potentially 
useful tool for restoration of T. fluminensi infestations; a method that will 

















Key findings and how they can inform 
management of urban habitat fragmentation 









Chicks that were close to fledging at  
Wilson Reserve, Ivanhoe 




6.1. Overview  
In this thesis, I have explored the effect of urban development on woodland 
bird habitat using a model species, the yellow robin. I investigated how 
urbanisation has fragmented and degraded habitat used by yellow robins 
across the urban-forest gradient in eastern Melbourne. At a landscape-scale, 
I combined observational and remotely-sensed data to construct models of 
the species’ distribution and inferred the location and composition of suitable 
habitat across the gradient. I then used field samples I collected to test genetic 
markers that were developed specifically for quantifying gene flow in this 
species.  
Through this testing, I investigated the efficacy of feathers as a viable DNA 
source compared to blood, the more commonly used source. Using the 
established genetic markers, I explored what landscape factors influenced 
gene flow across the gradient. I then focused on the effects of urbanisation at 
the local scale and explored whether yellow robin microhabitat use in small 
urban reserves and large continuous protected woodlands differed based on 
microhabitat selection or availability. In this chapter, I synthesise the findings 
of my investigations and discuss the broader implications. 
6.2. Major findings  
6.2.1. Suitable yellow robin habitat is determined by landscape tree 
cover and riparian vegetation 
Landscape tree cover was the primary determinant of the distribution of 
yellow robins across the urban to forest gradient in eastern Melbourne 
(Chapter 2). Globally, landscape tree cover is important for the persistence 
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of several woodland species; for example, in the USA, tree cover best 
predicts California spotted owl (Strix occidentalis) habitat (North et al., 
2017), in Singapore, tree cover is correlated with bird species richness 
(Chong et al., 2014), and in Ecuador, tree cover predicts species richness of 
large-bodied frugivorous birds (Walter et al., 2017). Several studies also 
report the importance of landscape tree cover for yellow robins and other 
woodland bird species in agriculturally fragmented ecosystems in Australia, 
and demonstrate that a high proportion of treed area in the landscape is an 
important predictor of some species’ occurrence (Amos et al., 2014; Ford, 
2011; Radford et al., 2005; Radford & Bennett, 2007). The research 
presented in this thesis provides a rare thorough investigation into habitat 
availability specifically for yellow robins in the context of an urban-to-forest 
gradient. The findings indicate that tree cover is likely to be vital to the 
persistence of yellow robin metapopulations within or at the edge of 
urbanised and urbanising environments. 
Waterways and riparian vegetation across the urban to forest gradient in 
eastern Melbourne were also important determinants of the distribution of 
yellow robins, consistent with the key role riparian areas play in supporting 
high levels of avian diversity elsewhere (Pennington et al., 2008). Several 
Australian examples of riparian bird communities show higher bird species 
richness, diversity and abundance (Palmer & Bennett, 2006; Stagoll et al., 
2010). Tree cover and riparian vegetation provide a number of critical 
resources for yellow robins, including nesting and perching sites, moist 
environments for arthropod food sources to thrive and cover from predators.  
An intermediate range of vegetation productivity (as inferred by NDVI) was 
optimal. Vegetation productivity correlates with plant diversity (Reed et al., 
 
159 
1994) suggesting a greater variety of structural components. This is important 
for small ground-foraging species that rely on a diversity of resources from 
different aspects of the forest structure, such as foraging and nest substrates 
provided not only by trees but also shrubs, which can provide greater 
protection from predators (Debus, 2006). Higher productivity riparian tree 
cover may also play an important role in moderating effects of drought in 
urban areas (Nimmo et al., 2016). Furthermore, connected landscape tree 
cover and riparian corridors are essential for yellow robin dispersal and gene 
flow (Chapter 4, and further details under section 6.2.4).  
6.2.2. Urbanisation was associated with reduced availability and 
increased structural fragmentation of yellow robin habitat  
The gradient of urbanisation in Melbourne was associated with reduced 
habitat availability for yellow robins (Chapter 2). Habitat availability 
decreased towards the city centre and became increasingly fragmented. The 
large continuous conservation reserve at the eastern fringe of Melbourne, the 
Dandenong Ranges National Park, is likely to support high numbers of 
yellow robins and be an important refuge from the unsuitable urban matrix. 
Given the size of the patch of modelled habitat contained within that National 
Park, it likely acts as a source of yellow robins to disperse into other, smaller 
reserves.  
Urbanisation amplified patch perimeter convolution, and diminished the 
number of patches with adequate buffers, meaning that edge effects at the 
urban end of the gradient were likely to be greater and patches were, 
therefore, less likely to be suitable for yellow robins. Yellow robins and other 
small woodland-dependent species are vulnerable to edge effects (Howe, 
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1984; Maron & Kennedy, 2007), and the effects are more extreme at abrupt 
edges that interface with the urban matrix (Hodgson et al., 2007). At the 
forest end of the gradient, there was greater variation in the size of patches 
with adequate buffers. Very small and isolated patches of habitat are not 
likely to support this area-sensitive species (Zanette, 2000). However, many 
smaller patches across the gradient had adequate buffers, which mitigate 
urban edge effects; these small patches may provide important intermediary 
patches for dispersers, acting as stepping stones between source and target 
habitat patches (Baum et al., 2004). Further research could explore the 
transient use of these patches during dispersal events. 
6.2.3. Using DNA from small body feather and novel microsatellite 
markers can describe genetic differentiation in yellow robins 
The 10 species-specific microsatellite markers described in Chapter 3 are 
sufficient to accurately identify individuals and will be useful for further 
reproductive ecology, population genetics and gene flow amongst and within 
populations of the yellow robin and other genetically similar species. The 
yellow robin is a species of interest for several researchers due to a number 
of intriguing traits, such as a sensitivity to landscape-scale fragmentation of 
habitat (Amos et al., 2014; Debus & Ford, 2012; Zanette, 2000) and 
divergent mitochondrial-nuclear lineages along perpendicular geographical 
axes (Morales et al., 2017).  
Using these markers, I also demonstrated that live-plucked body feathers 
(non-tail or flight feathers) from small birds can be a viable DNA source. 
Because bird red blood cells are nucleated, blood will usually be a preferable 
source of nuclear DNA. However, blood extraction involves puncturing the 
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brachial, femoral or jugular veins with a small needle (Sheldon et al., 2008). 
When working with wild birds, from time-to-time an alternative DNA source 
may be required, for example, when appropriately trained people are 
unavailable or where species-specific welfare concerns exist. DNA isolation 
from small feathers can be optimised by using entire feathers, as described in 
Chapter 3. This makes it easier to ensure that the feather tips, in particular 
the portion of the tip that contains the blood clot, are immersed for the 
duration of the digestion phase. However, when working with feathers, 
markers should be selected carefully to limit amplification and genotyping 
errors common in samples containing degraded DNA (Broquet et al., 2007). 
6.2.4. Gene flow in yellow robins is influenced by fragmentation of 
landscape tree cover and there is a sex-bias to the influence 
I have uncovered strong evidence that the urbanised landscape in eastern 
Melbourne has impacted gene flow in yellow robins (Chapter 4). The most 
plausible explanation for restricted gene flow was isolation-by-resistance 
based on tree cover. Tree cover, at the landscape scale, is an important 
predictor of the presence of woodland-dependent bird species (Ford, 2011; 
Radford et al., 2005). Ribbon-like treed riparian corridors in eastern 
Melbourne are providing a significant gene flow function, as well as 
remaining strongholds for yellow robins (Chapter 2). This is consistent with 
known importance of riparian reserves in supporting high levels of avian 
diversity (Pennington et al., 2008). 
The tree cover model that best explained restricted gene flow across the study 
area had a low resistance of dense and medium tree cover and high resistance 
of the non-habitat urban matrix. The tree cover-gene flow relationship in 
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urban Melbourne is consistent with the study by Amos et al. (2014), who 
found that fragmentation of tree cover reduced gene flow in this species in 
an agriculturally fragmented ecosystem. Their selected model also had a very 
high resistance of non-habitat, and both results confirm the importance of the 
matrix surrounding habitat patches in determining what woodland bird 
species persist in urban landscapes (Palmer et al., 2008; Watson et al., 2005; 
White et al., 2005). The matrix affects genetic connectivity by influencing 
dispersal success, gap -crossing and movement behaviour (Hodgson et al., 
2007; Prevedello & Vieira, 2010). In contrast to the predictions in Chapter 4, 
tree cover was a stronger predictor of gene flow than modelled habitat. This 
is particularly noteworthy, because it suggests that tree cover beyond what 
might be considered suitable habitat is important for yellow robins. 
The effects of habitat alteration on gene flow were stronger in males, which 
agrees with known male philopatry in this species (Debus & Ford, 2012; 
Higgins & Peter, 2003; Pavlova et al., 2013), and has also been observed in 
an agricultural ecosystem (Amos et al., 2014; Harrisson et al., 2012). I did 
not detect restricted gene flow in females, and presumably tree cover that is 
unsuitable as habitat in the longer-term may support females during short-
term dispersal. This may include scattered trees, which are critically 
important for ecosystem functioning and significantly improve bird richness 
in agricultural landscapes (Fischer et al., 2010).  
While scattered trees are not known to be the preferred dispersal route for 
yellow robins (Doerr et al., 2011), there is evidence that they may be 
important in fragmented landscapes (Debus & Ford, 2012) and perhaps in 
urban areas scattered trees are supporting dispersing females. Use of these 
dispersal-specific landscape features is presumably short-term, and therefore 
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yellow robins are unlikely to be detected using traditional survey techniques, 
yet this result indicates that tree cover beyond modelled habitat may be one 
of the most crucial components of the urban landscape. Further research is 
required to investigate the importance of scattered trees to support yellow 
robin dispersal, and why they appear to only be used by females. This study 
also revealed that tree distinct genetic clusters were evident across the study 
area, which may be influenced by the landscape pattern. However, this 
relationship was not directly tested and could be an interesting topic for 
further investigation. 
6.2.5. Microhabitat availability drives variation in habitat use by 
yellow robins in an urban environment 
Landscape-scale features such as tree cover are critical in determining where 
yellow robins are likely to occur and whether they can successfully disperse 
around the urban landscape (Chapters 2 and 4). Yet, local habitat 
characteristics are an important determinant of bird community composition 
in urban areas globally (McCaffrey & Mannan, 2012; Pennington & Blair, 
2011). Because this species is a non-migratory resident that maintains small, 
all-purpose year-round territories of 5-6 hectare (Chan, 2001; Doerr et al., 
2011; Higgins & Peter, 2003), it is highly probable that the local microhabitat 
is more crucial in determining whether yellow robins can successfully 
survive in a habitat patch. 
Here, I examined microhabitat use in urban and forest reserves that were 
modelled as suitable habitat in terms of landscape features (see Chapter 2). 
Available microhabitat in urban areas differed significantly from the 
microhabitat available in continuous forest (Chapter 5). However, on the 
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whole, it seems that yellow robins were indiscriminate at the very local-scale 
(I assessed 5 x 5 m plots within approx. 25-35 hectare reserves); microhabitat 
used by yellow robins largely mirrored what was available in both reserve 
types, except for two key characteristics, where yellow robins actively chose 
distinctive conditions. Yellow robins preferred a higher canopy cover than 
the average available. They also preferred lower than average available non-
grass native ground cover (e.g. sedges and ground-ferns).  
It is likely that denser canopy cover was preferred because it provides a 
moister environment for the yellow robin’s food source, insects and other 
arthropods. Canopy cover also equates to more trees, and trees are critical for 
a number of life history traits of the yellow robins, such as nesting and 
perching (Debus, 2006a). Yellow robins prefer ground-storey vegetation that 
includes some open areas because of their perch-pounce foraging strategy 
(Chapman & Harrington, 1997; Maron et al., 2012). Interestingly, yellow 
robins tolerated moderate cover of Tradescantia fluminensi, a highly invasive 
weed, which seems contrary to their preference for lower amounts of ground-
cover – this is likely because T. fluminensi provides optimal conditions for 
prey organisms.  
Weeds can play important ecological functions for native fauna, especially 
in modified ecosystems (Packer et al., 2016), for example, Singing 
Honeyeaters (Lichenostomus virescens) commonly utilise the highly 
invasive African boxthorn (Lycium ferocissimum) as a source of food 
resources in coastal wetland habitat in south-east Australia (Carlos et al., 
2017). Further research could explore the experimental removal of weeds 
such as T. fluminensi and the impact on yellow robin prey species or foraging 
incidence. An interesting study to explore the effects of weed removal could 
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also include the replacement of ground cover weeds with leaf litter and would 
be feasible as a before-after-control-impact experimental design. 
While I have only examined microhabitat use within areas modelled as 
suitable habitat at the landscape-scale, the results show that yellow robins do 
have the capacity to use novel microhabitat characteristics in urban areas. 
However, what is unclear is whether this capacity is derived through 
acclimation (via phenotypic plasticity in terms of behavioural flexibility) or 
adaptive evolution– either a pre-existing adaptation suited to the conditions 
in urban environments or rapid evolution in response to urbanisation. More 
than likely these observations are the result of a combination of plasticity and 
genetic mechanisms (Hendry et al., 2008). There is mounting evidence that 
rapid evolution in response to the novel selective pressures of the urban 
environment may be occurring in some species (for recent review of 
evolution in urban areas see, Johnson & Munshi-South, 2017). Examples of 
rapid evolution in urban areas include; morphological traits in Anolis lizards 
(Winchell et al., 2016), boldness in birds (Atwell et al., 2012), and bill form 
and song structure in house finches (Badyaev et al., 2008).  
The distinct genetic clusters evident in yellow robins in urban Melbourne 
(Chapter 4), which may have some association to landscape pattern, although 
this was not investigated here, and other explanations are plausible (e.g. 
isolation by distance or genetic drift). Further genomic work on the genetic 
basis to yellow robin behavioural variations that I and others have 
documented could be very interesting. This is a key area in which further 
investigation would be valuable. Researchers at Monash University, 
Australia, are presently exploring the behavioural implications of two 
historic genetic lineages of the yellow robin (Morales et al., 2017), at their 
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junction in northern Victoria (S. Bianchi 2017, pers. comm. 22 July), and this 
will help shed light on genetic-behaviour relationships in the yellow robin. 
6.3. Implications for conservation and management  
The yellow robin has more specific resource requirements compared to many 
of its woodland-dependent heterospecifics (Watson, 2011), and conservation 
management actions undertaken to protect this species will also have positive 
implications for several other urban-sensitive species. To conserve the 
yellow robin population in eastern Melbourne and this species’ ecologically 
similar, co-occurring heterospecifics, management actions should include 
prioritising the retention of tree cover across the urban-forest gradient, 
including protection of forest reserves of suitable sizes. Caution should be 
applied to weed removal in urban reserves, because some weeds may be 
providing important functions for small birds where other natural habitat 
features are lacking. This finding also presents an ideal opportunity for 
further investigation.  
To facilitate optimal gene flow, tree cover connections should be maintained 
and enhanced, particularly along riparian corridors and considering the 
connections between the three clusters identified in Chapter 4. Conservation 
planning in fragmented urban areas should take into consideration species-
specific sex-biased responses, with consideration of the different 
mechanisms that affect the more philopatric and the more dispersive sexes 
(Amos et al., 2014; Harrisson et al., 2013; Shanahan et al., 2011b). In this 
case, it may be that scattered trees within the urban matrix are providing 
critical dispersal pathways for female yellow robins, and scattered trees 
should continue to be protected, on public and private land. This will be 
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beneficial to many species that rely on trees and new urban developments 
that retain more remnant trees harbour greater bird diversity (Barth et al., 
2015).  
This study suggests that, as long as management actions ensure further patch 
isolation does not occur (and force local extirpations through population-
level processes), the appropriate functional microhabitat characteristics are 
maintained (especially within riparian reserves), and where population sizes 
are presently viable, there is hope that yellow robins and other species with 
similar habitat requirements may be able to persist in urban environments. 
This research also demonstrates the importance of genetic data. When 
capture and handling of wild animals is carried out, genetic material should 
always be taken, where possible. Feathers are a viable source when blood is 
challenging to obtain. 
Continued monitoring of the population will be critical to ensure that 
management actions are effective and local extirpations do not occur. If the 
yellow robin population continues to decline, especially in the more isolated 
areas, it may be necessary to complement connectivity restoration efforts by 
implementing genetic rescue to augment the isolated populations, potentially 
by assisting male dispersal through translocation (Weeks et al., 2011). The 
yellow robin is part of the Petroicidae family of 45 species, and genetic rescue 
through translocation of another Petroicidae robin species has recently been 
successful in New Zealand (South Island Robin, Petroica australis, Grueber 
et al., 2017; Heber et al., 2013; Heber & James, 2013). Translocation of 
yellow robins has previously been attempted into unoccupied patches in an 
agriculturally fragmented ecosystem, with mixed success (Debus & Ford, 
2012). Any translocation effort should, therefore, be carefully designed and 
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monitored, with particular consideration of the suitability of microhabitat and 
predator prevalence at release sites. 
6.4. Conclusion  
Urbanisation is one of the greatest contemporary threats to biodiversity, and 
the threat is likely to grow and intensify with predicted increases in urban 
populations worldwide. Through this research, I have demonstrated that 
urbanisation has a strongly negative effect on habitat availability and 
fragmentation, and, consequently, gene flow in the yellow robin. This species 
has persisted in urban riparian strongholds in eastern Melbourne, ostensibly 
owing to a degree of behavioural flexibility in resource use and the retention 
of some level of landscape connectivity. However, the species is 
compellingly sensitive to patch area (Zanette, 2000) and reductions in 
landscape connectedness (Amos et al., 2014, Chapter 4). Therefore, further 
reductions in gene flow may render isolated yellow robin meta-populations 
in eastern Melbourne at risk of inbreeding depression and the associated 
demographic decline, ultimately leading to localised extinctions in the future 
(Sunnucks, 2011).  
The population I studied could be facing the phenomenon of ‘extinction debt’ 
(Kuussaari et al., 2009), a concept that was originally developed at the level 
of species richness but can also be applied to single species management and 
conservation (Hylander & Ehrlén, 2013). The yellow robin is a sedentary 
species and less mobile species develop genetic signatures of fragmentation 
more slowly than mobile species (Amos et al., 2014). This means that the 
current situation may, in fact, be worse than the data show because of a time 
lag. Extinction debt has been documented in other ground-foraging, 
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woodland birds in Australia, involving the progressive regional loss of these 
species over 30 years, despite most habitat loss occurring over 100 years ago 
(Ford et al., 2009). Urbanisation and habitat degradation in eastern 
Melbourne have occurred over a similar time-frame and an extinction debt is 
a plausible scenario. Genetic rescue may become necessary to ‘repay’ the 
extinction debt before the yellow robin population is lost from Melbourne 
(Weeks et al., 2017). 
Regardless of whether an extinction debt is yet to be realised for yellow 
robins and other woodland-dependent species in eastern Melbourne, the 
management approaches I have suggested should be investigated and 
implemented to prevent further impacts, ideally in an adaptive management 
framework to monitor intervention success. These measures will have 
positive outcomes for not only the charismatic yellow robin and urban 
biodiversity, but also for human inhabitants of cities.  More than half of the 
global population currently occupy urban areas and the United Nations’ 
(2016) most recent projections suggest that by 2050 urban populations will 
increase by an additional 2.5 billion people. Humans are increasingly 
disconnected from nature, yet nature offers a range of human health benefits 
(Frumkin et al., 2017), and the psychological benefits of greenspace 
increases with greater biodiversity (Fuller et al., 2007). Urban spaces 
designed and managed with consideration of biodiversity can provide 
opportunities for meaningful interactions with the natural world and, 
therefore, the potential not only to engender support for conservation of 





Appendix 1. Supplementary information for Chapter two 
Regression plots for FRAGSTATS results 
The figures below are based on five FRAGSTATS structural fragmentation 
metrics which we calculated for yellow robin habitat across the urbanisation 
gradient in Melbourne, Australia. We generated five linear regression models 
comparing each metric to DIST, using R (Version 3.3.0; R Core Team, 2016). 
The five fragmentation metrics analysed all showed significant linear 
relationships with the distance from the city centre (CONNECT p = 0.011, 
others p ≤ 0.001), with a strong fit of CAI_MN (adjusted R
2
 = 0.658), 
CAI_SD (adj. R
2
 = 0.690) and PAFRAC (adj. R
2
 = 0.762), a moderate fit of 
AI (adj. R
2
 = 0.493) and a weaker fit of CONNECT (adj. R
2
 = 0.313). 
Units of fragmentation metrics are as follows: Aggregation index (AI), 
percentage; Core area index – mean (CAI_MN), hectares; Core area index – 
standard deviation (CAI_SD), hectares; Connectance Index (CONNECT), 
percentage; Perimeter area fractal dimension (PAFRAC), none (approaches 
1 for shapes with very simple perimeters such as squares, and approaches 2 
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Appendix 2. Supplementary information for Chapter four 
Additional results 
Genetic diversity per loci, generated using GENALEX (Peakall & Smouse, 
2012). ‘N’ is number of samples, ‘Na’ is number of alleles, ‘𝐻𝑜’ is observed 
heterozygosity and ‘𝐻𝑒’ is expected heterozygosity. 
Loci N Na 𝑯𝒐 𝑯𝒆 
Ea_1 119 5 0.655 0.658 
Ea_10 118 20 0.898 0.89 
Ea_14 120 5 0.492 0.488 
Ea_18 120 5 0.475 0.528 
Ea_24 117 20 0.906 0.928 
Ea_26 120 10 0.725 0.728 
Ea_30 120 9 0.633 0.728 
Ea_33 120 7 0.733 0.705 
Ea_5 120 2 0.375 0.423 




Full results of marginal and subsequent partial mantel tests for all hypotheses 
tested. 𝐻𝑎 is the specific hypothesis number, ‘n’ is the sample size, ‘P’ is the 
number of capture locations (with the minimum or range of ‘n’ per location 
in brackets), ‘r’ is the Mantel r and ‘p’ is the p-value. Significant results are 
shown in bold, with the strongest marginal result indicated in bold italics, 
noting that we adopted a stricter significance test of p ≤ 0.005. Individual 
(genotypic-based) results were evaluated using ar, an estimator of genetic 
differentiation in continuous populations, described by Rousset (2000), and 
population (allele frequency-based) genetic distances were evaluated using 
FST, using the method described by Weir and Cockerham (1984).  
 
(Table on next page)
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    marginal marginal partial IBD | IBR partial IBR | IBD partial IBD | IBR partial IBR | IBD 
    ar FST ar ar FST FST 
SEX 𝑯𝒂 SPECIFIC HYPOTHESIS MODEL r P r P r P r P r P r P 
BOTH Hs1 
Null model, isolation-by-distance: mobility and 
gene flow restricted by geographic distance alone. 
DIST 0.053 <0.001 -0.121 0.817         
ar n=107 Hs2 
Null model, isolation-by-distance: mobility and 
gene flow restricted by geographic distance alone. 
UNIFORM 0.103 <0.001 -0.124 0.818         
FST n=101, 
P =13  
Hs3 
Isolation-by-resistance: tree cover moderately 
restricts gene flow. 
TREE_1 0.116 <0.001 0.239 0.019 0.019 0.142 0.058 0.002     
(where n≥3) Hs4 
Isolation-by-resistance: tree cover strongly 
restricts gene flow. 
TREE_2 0.083 <0.001 0.290 0.005     -0.175 0.906 0.313 0.004 
 Hs5 
Isolation-by-resistance: tree cover and urban 
development moderately restrict gene flow. 
TREE_URB_1 0.110 <0.001 0.216 0.038         
 Hs6 
Isolation-by-resistance: tree cover and urban 
development strongly restrict gene flow. 
TREE_URB_2 0.084 <0.001 0.252 0.016         
 Hs7 
Isolation-by-resistance: habitat moderately 
restricts gene flow. 
SDM_BIN_1 0.114 <0.001 0.019 0.433         
 Hs8 
Isolation-by-resistance: habitat strongly restricts 
gene flow. 
SDM_BIN_2 0.078 <0.001 -0.030 0.580         
MALES Hs1 As above for males only. DIST 0.070 0.006           
n=67 Hs2  UNIFORM 0.137 <0.001           
P=18 Hs3  TREE_1 0.157 <0.001   0.027 0.157 0.082 0.004     
(1<n<11) Hs4  TREE_2 0.121 <0.001           
 Hs5  TREE_URB_1 0.156 <0.001           
 Hs6  TREE_URB_2 0.139 <0.001           
 Hs7  SDM_BIN_1 0.139 <0.001           
 Hs8  SDM_BIN_2 0.111 <0.001           
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    marginal marginal partial IBD | IBR partial IBR | IBD partial IBD | IBR partial IBR | IBD 
    ar FST ar ar FST FST 
FEMALES Hs1 As above for females only. DIST -0.015 0.653           
n=39 Hs2  UNIFORM 0.031 0.204           
P=11 Hs3  TREE_1 0.008 0.424           
(1<n<6) Hs4  TREE_2 -0.027 0.724           
 Hs5  TREE_URB_1 -0.005 0.554           
 Hs6  TREE_URB_2 -0.058 0.912           
 Hs7  SDM_BIN_1 0.032 0.205           




Results of marginal mantel tests for all hypotheses tested, using an alternative population (allele frequency-based) genetic distance FST 
method described by Latter (1972). 𝐻𝑎 is the specific hypothesis number, ‘n’ is the sample size, ‘P’ is the number of capture locations (with 
the minimum ‘n’ per location in brackets), ‘r’ is the Mantel r and ‘p’ is the p-value. Significant results are shown in bold, with the strongest 
result indicated in bold italics, noting that we adopted a stricter significance test of p ≤ 0.005. 
    Latter’s FST 
SEX 𝑯𝒂 SPECIFIC HYPOTHESIS MODEL r p 
BOTH Hs1 
Null model, isolation-by-distance: mobility and gene flow restricted by 
geographic distance alone. 




Null model, isolation-by-distance: mobility and gene flow restricted by 
geographic distance alone. 
UNIFORM -0.153 0.870 
(where n≥3) Hs3 Isolation-by-resistance: tree cover moderately restricts gene flow. TREE_1 0.307 0.005 
 Hs4 Isolation-by-resistance: tree cover strongly restricts gene flow. TREE_2 0.360 0.001 
 Hs5 
Isolation-by-resistance: tree cover and urban development 
moderately restrict gene flow. 
TREE_URB_1 0.281 0.008 
 Hs6 
Isolation-by-resistance: tree cover and urban development strongly 
restrict gene flow. 
TREE_URB_2 0.316 0.004 
 Hs7 Isolation-by-resistance: habitat moderately restricts gene flow. SDM_BIN_1 0.131 0.169 




Appendix 3. Supplementary information for Chapter five 
Number of quadrats assessed at each site. ‘Grid’ is quadrats located at the 
intersection of a 100 m fishnet grid and ‘Obsn.’ refers to quadrats assessed at 
yellow robin observation points. 
Site Grid (n) Obsn. (n) 
DR 19 19 
SB 19 20 
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